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0 Abstract
English abstract
The reclamation of greywater for non-potable reuse by a small-scale membrane bioreactor
(MBR) treatment system with UV disinfection was studied. No direct comparison between
polymeric and ceramic membranes for the treatment of greywater in an MBR was available.
Therefore, lab-scale MBR setups were operated for 204 days on synthetic greywater, using
C-PE polymeric and SiC ceramic membranes. Fouling rates were determined by monitoring
of the transmembrane pressure at a constant flux. General wastewater parameters were anal-
ysed, such as chemical oxygen demand, nitrogen speciation, and turbidity. E. coli log removals
for the membranes and UV reactor were assessed through spike tests, and the UV reactor was
characterized in terms of residence time distribution and applied UV dose. A 6.85 times lower
linear fouling rate was observed for the SiC membranes, caused by differences in surface ma-
terial and roughness. The MBR effluent met the strictest water quality targets for unrestricted
urban reuse, except for nitrogen limits. Average removal efficiencies for the ceramic mem-
branes were 99.2%, 94.7%, 53%, and 95.7% for turbidity, chemical oxygen demand, total
nitrogen, and ammonium-nitrogen, with similar results for the polymeric membranes. No E.
coli were detected in the effluent, with log removals of 2.7–3.0 and 3.1–3.7 for the ceramic and
polymeric membranes, respectively, and a log removal for the UV reactor of >10 at a dose of
875 mJ cm−2 or 726 J L−1. These results indicate a high application potential of ceramic MBR
for the treatment and reuse of greywater.

Dutch abstract
Het hergebruik van grijswater voor niet-drinkbare toepassingen werd bestudeerd met behulp
van kleinschalige membraanbioreactoren (MBR) met UV-desinfectie. Een directe vergelijking
tussen polymerische en keramische membranen voor dergelijke doeleinden was niet beschik-
baar. Daarom werd synthetisch grijswater gedurende 204 dagen gezuiverd door MBRs op la-
boschaal, gebruik makend van C-PE polymerische en SiC keramische membranen. De fouling-
snelheid werd bepaald door opvolging van de transmembraandruk bij een constante flux. Al-
gemene waterkwaliteitsparameters werden geanalyseerd, zoals chemische zuurstofvraag, stik-
stofspeciatie en troebelheid. Verder werd de E. coli log reductie voor de membranen en de
UV-reactor bepaald, alsook de UV dosis en de distributie van de verblijftijd van de UV-reactor.
De SiC membranen vertoonden een 6.85 keer lagere lineaire fouling-snelheid, veroorzaakt door
verschillen in oppervlaktemateriaal en -ruwheid. Het MBR-effluent voldeed aan de strengste
kwaliteitseisen voor stedelijk waterhergebruik, buiten een onvoldoende stikstofverwijdering.
De gemiddelde verwijderingsefficiëntie bij de keramische membranen was 99.2%, 94.7%, 53%
en 95.7% voor troebelheid, chemisch zuurstofvraag, totale stikstof en ammoniumstikstof, met
gelijkaardige resultaten voor de polymerische membranen. E. coli werd niet gedetecteerd in het
effluent, met log reducties van respectievelijk 2.7–3.0 en 3.1–3.7 voor de keramische en poly-
mere membranen, en een log reductie voor de UV-reactor van >10 bij een dosis van 875 mJ
cm−2 of 726 J L−1. Deze resultaten wijzen op een hoge geschiktheid van MBR met keramische
membranen voor het zuiveren en hergebruik van grijswater.
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0 Joint thesis subject
This thesis subject was divided under two students, Seppe Ongena (the author of this thesis)
and Nele Driesen [Driesen, 2021]. Both theses considered the treatment of greywater for non-
potable reuse, but applied two different technological treatment trains on the same greywater
influent. This thesis focuses on the combination of a membrane bioreactor (MBR) and UV
disinfection, while Nele Driesen’s thesis regards a moving bed biofilm reactor (MBBR) and
electrochemical cell for in-situ chlorine generation. Due to this difference in technology, the
operation, characterization, and specific performance assessment of the systems were vastly
different, e.g., fouling rate for MBR versus sludge volume index for sludge settling after the
MBBR, and UV dose versus residual chlorine concentration for the electrochemical cell.

Although the analyses performed for the effluent quality were the same, as they are common
analyses for wastewater treatment, all analyses were performed independently. Only for the
E. coli spike test, the work load was divided between the two students, with both students
performing all required techniques at least once.
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1 Introduction
1.1 Water scarcity: a contemporary problem
By 2050, 49–59% of the global population will live in water-scarce areas [UNESCO, 2018;
UN Population Division, 2019b]. Even now, an estimated 3.6 billion people experience the
effects of physical water scarcity at least one month per year [UNESCO, 2018]. Physical
water scarcity can be defined as the water demand exceeding the availability, either through the
absence of water in, e.g., arid regions, or through overuse of the available sources [Molden,
2007]. Economic scarcity is a different type of water scarcity caused by mismanagement of
water resources or lack of adequate infrastructure [Molden, 2007].

Water scarcity is expected to increase in the future. Unrelenting population growth will in-
evitably cause an increase in demand, with most growth occurring in developing regions, e.g.,
in Sub-Saharan Africa [Burek et al., 2016; UN Population Division, 2019b]. Furthermore,
the per capita water demand will rise with an increasing degree of development, caused by
the availability of piped water [UNESCO, 2015]. Urban environments will be the epicentre
of population growth, with increased pressures on local water sources [UN Population Divi-
sion, 2018]. Due to climate change, weather patterns will become more variable and extreme
weather events become more frequent, causing increased variation in water availability [UN-
ESCO, 2018]. Furthermore, surface water availability is expected to decrease by 2050, albeit
with high regional variability in severity [Burek et al., 2016].

Figure 1.1: Areas of physical and economic water scarcity in 2007. Reprinted from Molden [2007]

However, water scarcity is not a problem of the far future (Figure 1.1). Seasonal droughts,
a form of physical water scarcity, already profoundly affect local ecosystems and communi-
ties. Wildfire seasons are longer, with more frequent and larger fires [Shukla et al., 2019;
Weber et al., 2017]. These wildfires can, in turn, contaminate water supplies, affecting both
the quality and available quantity of drinking water [Emmerton et al., 2020; Ice et al., 2004;
Lane et al., 2010; Yu et al., 2019]. Droughts in Australia and the Middle East have led to

10
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increased investments in seawater desalination technology and centralized potable water reuse
[Meindertsma et al., 2010; Napoli and Rioux, 2016; Palmer, 2011]. Cape Town (South Africa)
has experienced serious shortages of the drinking water supply due to a long period of drought
(2015–2018) and mismanagement, to a point where some inhabitants reused untreated shower-
and bathwater, washing machine water, and kitchen sink water, compromising human health
and the environment [Nel and Jacobs, 2019; Simpson et al., 2019]. Many countries in Sub-
Saharan Africa suffer from economic water scarcity caused by a lack of water infrastructure
and quality [Molden, 2007].

Belgium receives an average annual precipitation of 925 mm [RMI Belgium, s.d.], giving the
impression that there is plenty of water in supply. However, in this highly urbanized and con-
creted environment, rainwater drains act as a highway towards the sea, bypassing infiltration
and groundwater replenishment [Willems and Renson, 2019]. This leads to a type of economic
scarcity, where the current infrastructure is not adapted to deal with the increasing frequency
and duration of droughts and increasing pressure from population growth [Coördinatiecom-
missie Integraal Waterbeleid, 2019; De Nocker et al., 2017; Vlaamse Milieumaatschappij,
2020b]. Extreme governmental measures were described, the assessment framework for prior-
ity water use during drought, i.e., who gets disconnected from the water net first in the event of
an extreme drought [Vlaamse Milieumaatschappij, 2020a]. Other factors such as garden irriga-
tion, agriculture, industry, and drinking water production from groundwater increase pressure
on groundwater levels [Databank Ondergrond Vlaanderen, s.d.]. Flanders uses surface water
for 50% of its drinking water production to limit this pressure, but this supply is also variable
and vulnerable to droughts [Vlaamse Milieumaatschappij, 2020c]. Nevertheless, the ratio of to-
tal water withdrawals to renewable water availability is expected to be 40–80% by 2040, which
puts the country at high risk of water shortages [Luo et al., 2015].

1.2 Water reuse: a solution?

1.2.1 Water reuse and resource recovery
As a consequence of this increased pressure on water supplies, water is increasingly consid-
ered a precious resource that cannot be wasted and needs to be reused [Daigger, 2009; Hering
et al., 2013; Puchongkawarin et al., 2015]. Water reuse can be defined as the use of reclaimed
water for beneficial use [Asano et al., 2007]. Reclaimed water, also called recycled water, is
municipal wastewater that has gone through treatment processes to meet specific water quality
criteria [Asano et al., 2007]. This water can then be used for (in)direct potable or non-potable
applications (Figure 1.2). Examples of non-potable use are park, garden and agricultural irri-
gation, toilet flushing, and car and pavement washing [Gonçalves et al., 2020; Goodwin et al.,
2019; Schwaller et al., 2021]. For potable reuse, the reclaimed water is purified to drinking
water standards, either directly, or indirectly after passing through a natural buffer (Figure 1.2).

What is currently considered wastewater is an almost pure water resource, since it typically
contains only 0.72 g L−1 total dissolved solids [Asano et al., 2007], which means it is 99.9%
pure water. The dissolved solids contain, among other constituents: nutrients (nitrogen and
phosphorus) and organics (proteins, fats, carbohydrates), which are resources that can be re-
covered [Alloul et al., 2018; Cruz et al., 2019].



12 1.2. Water reuse: a solution?

Figure 1.2: Overview of potable and non-potable municipal recycled water, including direct and indirect reuse.
Reprinted from the California Department of Water Resources [2016].

While water reuse can certainly alleviate water stress, there are several concerns when regard-
ing water reuse schemes. Firstly, salts and organic micropollutant accumulation can occur,
which might affect human health and the applicability of these streams as e.g., cooling water
or agriculture irrigation [Asano et al., 2007; Gomez et al., 2012; Yangali-Quintanilla et al.,
2010]. It is evident that, unless purged from the system, these constituents can accumulate in
closed-loop reuse systems of households through input by faeces, urine, and use of pharmaceu-
ticals and personal care products (PPCP) [Escudero et al., 2021; Westhof et al., 2016]. Second,
there is often a social reluctance to direct reuse of water, despite the fact that reclaimed water
for potable or non-potable reuse must comply to high quality standards [Larsen et al., 2016;
Leong and Lebel, 2020]. In this context, a differentiation is needed between planned and un-
planned reuse of water. With planned reuse, water is deliberately treated and reused [Asano
et al., 2007]. Oftentimes, the current drinking water production systems pump up surface water
that contains previously discharged treated wastewater of upstream communities, albeit heavily
diluted [Asano et al., 2007; Beard et al., 2019; Rice et al., 2016; Verliefde et al., 2007]. This
is considered unplanned or de facto reuse of water, yet there is little social reluctance regard-
ing the reuse aspect of our current drinking water sources, and more focus on the presence of
micropollutants [Rabaey et al., 2020; Rice et al., 2016]. It is important to overcome reluctance
and increase public acceptance for water reuse through clear and constant communication on
the treatment principles of systems for reuse and human health risks, or more likely lack thereof
[Domènech and Saurí, 2010; Fielding et al., 2019; Flint and Koci, 2021; Hartley et al., 2019].
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1.2.2 Centralized and decentralized water treatment
Besides the treatment of wastewater for reuse and the accompanying public acceptance issues,
the economic and infrastructural feasibility of water reuse schemes is an important considera-
tion. It is not cost-effective to use potable water for applications requiring non-potable water
quality [Ray et al., 2010]. Should non-potable water reuse and distribution occur through a
centralized distribution network, extra pipelines will be necessary for a dual-quality water sys-
tem since potable water and non-potable water cannot be mixed [Ray et al., 2010]. When
considering source separation of wastewater streams (Subsection 1.2.3), the number of re-
quired pipelines would increase even more. It might therefore be beneficial to shift towards
a decentralized approach. The following subsection provides definitions of centralized water
management and decentralization and delves deeper into the differences between the two.

Centralized wastewater management systems collect wastewater from urban environments by
means of a sewage network, comprising of pumps and pipelines, whereafter it is treated in a
central facility (wastewater treatment plant, WWTP) and often discharged in surface waters
[Brown et al., 2009; Larsen et al., 2013]. These centralized systems have proven reliable, ef-
ficient, and relatively cheap through an economy of scale [Larsen et al., 2013]. Continuous
improvements were made, with sewage networks growing alongside populations and cities.
This gradual growth makes it difficult to assess the total value of the infrastructure [Maurer
et al., 2010]. As the size of the distribution network increases, so does the costs of maintaining
it and the required energy for operation, which is a known diseconomy of scale [Larsen et al.,
2013; Maurer, 2009]. Therefore, centralized systems are good for densely populated areas,
where the population density compensates for the size of the network [Maurer et al., 2010].
However, the construction rate of sewer networks might not be able to keep up with rapid pop-
ulation growth in urban areas [Öberg et al., 2020]. Furthermore, the costs for sewage pumping
and sewer networks can be more costly than the treatment itself, in some cases amounting up
to 81% of the capital expenditures and 50% of the operational expenditures [Pabi et al., 2013;
Shukla and Tare, 2019]. The costs further increase as the age of the system increases due to an
increased number of failures [Folkman, 2018]. System failures such as pipe leakage increase
water losses, leading to inefficient use of resources [Bonthuys et al., 2020; Lemos et al., 2013;
Shabangu et al., 2020].

Water transport is a key attribute of centralized systems, as evident from the reliance on a
sewage network and water distribution network [Marlow et al., 2013]. Worldwide, 504 billion
litres of water are transported over 27 000 ± 3800 km every day [McDonald et al., 2014]. When
expressed in water-kilometres (WKM, Rabaey and Van De Walle [2020]), being the amount of
water transported (m3) over a certain distance (km) in one year, the world total reaches 5·1018

WKM. Large amounts of energy are needed to transport water over long distances [Rezaei
et al., 2019], which in the case of Mexico City makes water transport the major contributor
to the global warming potential through energy consumption [García-Sánchez and Güereca,
2019]. On average, the energy requirements for transport can be 4 times higher than treatment
[Guo et al., 2014]. Furthermore, this transport might increase the effect of water scarcity since
the withdrawal location is spatially separated from the discharge location, the latter often being
surface water such as rivers or the sea [Larsen et al., 2013; Mbavarira and Grimm, 2021].
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As the shortcomings of centralized treatment are increasingly recognized, a (partial) decentral-
ization of urban water management aims to provide a solution. Decentralization can be defined
as collection, treatment, and discharge or reuse of wastewater at or near the point of wastewater
generation on the scale of individual homes, buildings, communities, industries, or institutional
facilities [Asano et al., 2007]. These systems do not require the large distribution and collec-
tion systems of centralized treatment, leading to classifications such as non-grid, small-grid
and hybrid systems, the latter being partially decentralized systems for the separate collection
and treatment of, e.g., urine [Hoffmann et al., 2020; Larsen et al., 2016]. As these modularized
systems take on an economy of numbers, advances in manufacturing technology can give them
a competitive advantage compared to centralized systems [Dahlgren et al., 2013; Eggimann
et al., 2018]. This advantage is further enforced when considering non-grid solutions, which
avoid costs and energy consumption associated with large distribution systems.

Most importantly, decentralization can facilitate water reuse and lead to more efficient use of
water resources [Larsen et al., 2016]. Water can be infiltrated locally after treatment, relieving
pressures on groundwater tables [Rabaey et al., 2020]. Furthermore, decentralized systems can
be run on locally produced renewable energy, directly coupling energy availability and demand
[Baghaei Lakeh et al., 2017; Cai and Schäfer, 2020]. The energy requirements can be equal to
centralized treatment, or in some cases even lower, such as with hybrid systems [Jeong et al.,
2018; Zang et al., 2021]. However, a study from Cornejo et al. [2016] indicates higher energy
requirements per volume treated wastewater compared to centralized treatment. The treatment
system may still rely on a central facility for, e.g., regeneration of active carbon, replacement
of membrane modules, or treatment of biosolids [Hasik et al., 2017; Larsen et al., 2013]. The
environmental impacts of decentralized treatment and reuse systems can be higher, equal or
lower than those of centralized systems, varying on a case-by-case basis [Cornejo et al., 2016;
Hasik et al., 2017; Opher and Friedler, 2016].

Flanders, with a population density of 480 inhabitants per km2, still lacks sewer infrastructure
for 1/8th of its population [Vlaamse Milieumaatschappij, 2019b]. Furthermore, 40000 house-
holds do not have a drinking water connection [De Watergroep, 2019]. This contradicts the
expectation that centralized water management always works well in densely populated regions
[Maurer et al., 2010]. Recently, a modelling study was performed for the water infrastructure
of Flanders, where about 50% of the sewer system was found to be 25 to 49 years old, with
current yearly replacement costs of about e200 million [Vlaamse Milieumaatschappij, 2018].
The infrastructure consists of 27461 km, with 9533 km expansion planned to connect Flemish
citizens with no access to the sewer network. The cost of the expansion project was estimated
at e9.3 billion, which is an approximate e26 000 per newly connected household. Using the
current revenue of sewer operators, the maximum financially sustainable investment by 2027
was estimated at e1.5 billion, which would cover an expansion by 1051 km. Hence, only a
fraction of the approximate 825 000 unconnected inhabitants can be given a sewer connection
by 2027. Decentralized systems could more efficiently use these available investments, since
they can be installed with the construction of new buildings [Larsen et al., 2013]. Indeed, the
high costs for sewer expansion combined with the threat of water scarcity (Section 1.1) have
led to an increased interest in decentralization and water reuse projects in the region, such as
the housing projects ‘De Nieuwe Dokken’ and ‘The Mobble’, and ongoing applied research
into rainwater purification for drinking water applications [De Watergroep, 2019].
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1.2.3 Source separation

Source separation is a topic heavily interlinked with decentralization and water reuse. It can be
defined as the separate collection and/or treatment of wastewater flows from different sources.
As it is not feasible to simply downscale centralized treatment plants for decentralized applica-
tions, a certain degree of source separation is needed to homogenize the wastewater flows for
the use of simplified treatment technology [Larsen et al., 2013].

Rainwater and greywater (household wastewater excluding toilets) are generally favoured to
be treated separately for water reuse because of less hygienic concerns and social reluctance
[Larsen et al., 2016]. Since greywater does not include toilet or (in most cases) kitchen wastew-
ater, it exhibits a lower organic and microbial load than mixed domestic wastewater, and is
therefore relatively easy to treat [Gross et al., 2015; Larsen et al., 2013]. Greywater constitutes
on average about 73% of the total household wastewater flow (Table 1.1). While rainwater is
generally not considered wastewater, it is often mixed with wastewater in combined sewer sys-
tems, and could therefore benefit from source separation [Ahm et al., 2016; Kroll et al., 2018;
Schuetze, 2013]. Rainwater is best suited for treatment to drinking water because it is relatively
pure, and is increasingly being used for on-site drinking water production [Alim et al., 2020;
De Watergroep, 2019; Domènech and Saurí, 2011; Naddeo et al., 2013].

Blackwater (urine and faeces) contains 68% of the total solids, about 85% of the nutrients and
50% of the organic material emitted by a household [Larsen et al., 2013], despite its smaller
contribution of on average 27% to the total household wastewater volume (Table 1.1), which
makes it an excellent candidate for energy and nutrient recovery [Besson et al., 2021; De Paepe
et al., 2020; Gao et al., 2019; McCarty et al., 2011]. A pollutants group of rising concern are
pharmaceuticals and personal care products (PPCP), because of their persistence, resistance
to conventional treatment, and toxicity to the aquatic environment [Bu et al., 2013; Delgado
et al., 2020]. Blackwater has the potential for the highest concentration of PPCP among source
separated wastewater streams [Escudero et al., 2021; Westhof et al., 2016]. In some cases up
to 90% of the still active parent compounds are excreted unchanged [Lienert et al., 2007].

Source separation favours decentralization, as infrastructural and economical hurdles would
arise with centralized water management. When considering on-site reuse or source separation
of greywater, reduced wastewater flows in sewer systems result in excessive solids deposi-
tion, grease accumulation, and increased rates of corrosion due to anaerobic conditions [Larsen
et al., 2013; Penn et al., 2017]. Another possible effect is a decrease in efficiency of the nitrifi-
cation–denitrification process in WWTP, causing an increase in effluent nitrate concentrations
[Penn et al., 2017]. Incorrect connection of sources to their respective pipelines can cause a
decrease in treatment or recovery efficiency [Tang et al., 2020], but this might also be the case
in decentralized systems.

A major hurdle to source separation and resource recovery on a centralized scale would be
the necessity of separate collection and a dual-quality distribution system for potable and non-
potable water. Combined sewer systems have historically shown limitations in terms of com-
bined sewer overflow (CSO), where untreated wastewater and stormwater bypass treatment
facilities in the event of overwhelming rainfall [Ahm et al., 2016; Kroll et al., 2018]. Sewer
separation can be costly megaprojects such as the London Tideway Tunnel, with an estimated
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total cost of £3.9bn, not taking into account the increased operational maintenance costs of the
separated piping networks [Tideway, 2020]. Stormwater decoupling from the sewer network
can be seen as source separation. It is evident that extensive centralized source separation,
where urine, faeces, rainwater, and greywater are treated separately, would have similar, if not
higher costs. Indeed, transport costs can be greater than the savings by resource recovery in
centralized systems [Lundie et al., 2004].

1.2.4 Challenges to implementation
Despite being increasingly implemented, such as in the redevelopment areas Flintenbreite
(Lübeck, Germany), Noorderhoek (Sneek, Netherlands), Jenfelder Au (Hamburg, Germany),
de Nieuwe Dokken (Ghent, Belgium) and H+ (Helsingborg, Sweden) [Skambraks et al., 2017],
there are still challenges to face with water reuse, decentralized systems and source separation
[Hoffmann et al., 2020]. Challenges more specific to the respective aspects were described in
the previous Subsections 1.2.1, 1.2.2, and 1.2.3.

The water sector is in general very risk averse, since safeguarding human health is a major
objective [Kiparsky et al., 2016]. Undetected system failures or point source pollution caused
by a lack of knowledge of home-owners on system operation and maintenance can have averse
health effects [Diaz-Elsayed et al., 2019; Marlow et al., 2013]. Therefore, monitoring of the
water quality and risk to public health is a major challenge for decentralized treatment systems
and reuse scenarios [Hyde and Smith, 2018; Reynaert et al., 2021]. Because of the distributed
nature of decentralized treatment plants, monitoring can become more costly both in terms of
time and money [Diaz-Elsayed et al., 2019]. Remote digital monitoring can be a valuable tool
to support the semi-automatic operation of decentralized systems [Hoffmann et al., 2020].

This change in monitoring implies a fundamental shift in management of water systems to-
wards increased complexity [Hering et al., 2013; Hoffmann et al., 2020; Marlow et al., 2013;
Sedlak et al., 2013]. Responsibilities are diffused amongst several stakeholders, e.g., agencies,
institutions, and home-owners [Diaz-Elsayed et al., 2019; Kiparsky et al., 2013; Marlow et al.,
2013]. It might be beneficial to evaluate which degree of source separation, decentralization
and modularization is optimal, cfr. non-grid, small-grid and hybrid systems (Subsection 1.2.2,
Hoffmann et al. [2020]).

Another barrier to implementation is large upfront capital investments, which can be difficult
to finance if responsibility falls to smaller parties such as home-owners [Diaz-Elsayed et al.,
2019]. The rigidity of centralized systems can be explained by the long-term nature of in-
frastructure investments, with planning horizons of around 30 years [Kiparsky et al., 2013;
Maurer, 2009]. This creates so-called lock-in effects on a regulatory level and economic
sunk costs, where current widely implemented technologies are favoured over innovative ones
[Larsen et al., 2016; Marlow et al., 2013; Rabaey et al., 2020]. Therefore, modularized systems
need to be implemented without creating new lock-in effects [Hoffmann et al., 2020; Marlow
et al., 2013]. Strong lock-in effects can also be observed in a social context [Reynaert et al.,
2021; Sedlak et al., 2013]. Communities can show resistance to change, and public acceptance
for new technologies and unfamiliar practices can be low [Hering et al., 2013; Marlow et al.,
2013]. Guidelines, standards, and regulations are often non-existing or only partially applicable
to small-scale systems (Reynaert et al. [2021], Subsection 1.3.2).
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1.3 Greywater as an alternative water resource
Source separation allows for the selection of wastewater streams to treat [Larsen and Gujer,
1996]. As described in Subsection 1.2.3, greywater has the lowest organics and microbial load,
whilst being the largest household wastewater flow. Therefore, greywater is an excellent source
to recover water. Subsection 1.3.1 will consider the composition and quantity of greywater,
while Subsection 1.3.2 covers human health and environmental concerns, and lists existing
water quality targets for non-potable reuse.

1.3.1 Greywater characterization
Greywater (GW) is defined as all household wastewater that excluding toilet wastewater, more
specifically baths, showers, handwashing basins, laundry machines, kitchen sinks and dish-
washing machines [Gross et al., 2015]. GW can be divided based on the sources considered
into dark and light GW, with the latter excluding kitchen, dishwashing, and in some defini-
tions laundry wastewater, since washing detergents often contain aggressive ingredients [Gross
et al., 2015; Hyde and Smith, 2018; Shaikh and Ahammed, 2020]. The volumetric flows of
GW sources can be found in Table 1.1, both for the average of 11 countries as for Flanders
separately. In Flanders, baths and showers make up the major fraction of GW, followed by
laundry, washbasins, and kitchen sinks and dishwashing.

Table 1.1: Household wastewater quantities per source.

Flow (L p−1 d−1)
Water source [Larsen et al., 2013]a [Vlaamse Milieumaatschappij, 2018]

Toilets (blackwater) 41±16 21.3
Baths and showers 43±16 28.9
Washbasin 14±8 9.40
Laundry 24±15 16.6
Dishwashing and kitchen sink 27±11 8.3

Total greywater 108±29 63.2
Total 148±33 84.5
a Countries: AU, BR, DK, IL, MT, NL, OM, PT, CH, GB, US

However, the quantity and composition of greywater is highly dependent on the sources consid-
ered, geographical location, building purpose, environmental variables, and continuously shift-
ing socio-economical factors [Boano et al., 2020; Gross et al., 2015; Hyde and Smith, 2018;
Larsen et al., 2013; Shaikh and Ahammed, 2020; Wu, 2019]. Both GW flows and composi-
tion show diurnal patterns, based on which household appliances are being used, with higher
flows generally in the morning and evening, and higher concentrations during the day [Butler
et al., 1995; Eriksson et al., 2009; Shaikh and Ahammed, 2020]. Long storage times, i.e., more
than 7 days, can lead to sedimentation and biological degradation, with a significant increase
in turbidity, colour and fine particles, and a decrease in COD [Abed et al., 2020; Winward
et al., 2008]. Furthermore, storage can lead to a reduction of PO4

3 – -P through precipitation,
co-precipitation of dissolved solids, sedimentation of particles, and microbial activity [Abed
et al., 2020]. Despite the high variability of influencing factors, some broad ranges of mixed
GW composition are given in Table 1.2.
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Table 1.2: General composition of mixed greywater. For Boano et al. [2020] and Wu [2019], the given values are based both on ranges (min-max) and means (± standard
deviation), since a uniform reporting was not present. Furthermore, a column is shown which only includes studies from Boano et al. [2020] and [Wu, 2019] on mixed greywater
that reported ranges. This way, the given range in this table is based on actual minima and maxima as opposed to, e.g., the minimum of means.

Parameter Larsen et al. [2013] Boano et al. [2020] Wu [2019] Mixed GWa

pH 6.4 – 10.0 5 – 9.6 6.7 – 9.65 4.9 – 8.41
κ (µS cm−1) 100 – 2800 194 – 3000 331 – 2530
Turbidity (NTU) 20 – 280 5.6 – 4400 29 – 559

COD (mg L−1) 7 – 2570 15.00 – 2263 22.9 – 1600 41.0 – 1595
sCOD (mg L−1) 59 – 289 86 – 289
BOD5 (mg L−1) 1 – 1060 1.1 – 1240 9 – 392.4 17.7 – 394
TOC (mg L−1) 73 – 93 100 – 552 15.0 – 160.4

TN (mg L−1) 0.1 – 128 3 – 322 2.13 – 49 1.3 – 63
TKN (mg L−1) 2.6 – 32
NH4

+-N (mg L−1) 1 – 75 0 – 47 0.1 – 22
NO2

– -N (mg L−1) 0.02 – 1
NO3

– -N (mg L−1) 0.1 – 17 0.0 – 7 0 – 12.32

TP (mg L−1) 0.1 – 42 0.01 – 51.58 0.5 – 15 1 – 12.1
PO4

3 – -P (mg L−1) 0 – 8.1 0.0 – 6.7

TSS (mg L−1) 2.0 – 1070 11 – 4952 15 – 4250 9.2 – 744
VSS (mg L−1) 39 – 40b 9.2 – 149.8

Na+ (mg L−1) 7.4 – 480 52 – 420
Ca2

+ (mg L−1) 108 – 148 9 – 437.61
Mg2

+ (mg L−1) 27 – 37 3 – 140.01
K+ (mg L−1) 0.2 – 24 0 – 22
Cl– (mg L−1) 9 – 227 18 – 50

a Abdel-Shafy and Al-Sulaiman [2014]; Atanasova et al. [2017]; Fountoulakis et al. [2016]; Hernández Leal et al. [2010]; Hocaoglu et al.
[2013]; Hourlier et al. [2010]; Jabornig and Favero [2013]; Jabornig and Podmirseg [2015]; Masi et al. [2016]; Oteng-Peprah et al. [2018];
Ramprasad et al. [2017]
b Infrequently reported by Wu [2019].



CHAPTER 1. INTRODUCTION 19

While greywater has a lower organic and micropollutant load compared to blackwater, more
than 250 organic xenobiotic compounds may be present [Etchepare and van der Hoek, 2015;
Gross et al., 2015; Westhof et al., 2016]. Several classes can be distinguished, e.g., an-
ionic and cationic surfactants present in detergents and soaps, organobromine compounds and
organophosphates used as textile flame retardants, biocides as disinfectants and textile preser-
vatives, anti-corrosives in dishwasher detergents, and a broad range of fragrances, odorants,
disinfectants, preservatives, and surfactants used in personal care products [Gross et al., 2015;
Larsen et al., 2013]. Etchepare and van der Hoek [2015] found that only 14 of the 278 found
micropollutants could potentially pose a risk to human health when reclaimed water was used
for potable applications.

1.3.2 Health and environmental concerns

Guidelines and regulations on the quality requirements for reclaimed wastewater are sparsely
available worldwide (Subsection 1.2.4, Reynaert et al. [2021]). Most standards exist for agri-
cultural irrigation, such as the WHO guideline for greywater reuse in agriculture [World Health
Organization, 2006], which aims to protect the environment from nutrient accumulation and
harmful substances, and safeguard human health [Reynaert et al., 2021]. Due to the low nu-
trient load (N, P, K) of greywater, plant growth and productivity with greywater irrigation can
be unaffected or slightly improved compared to tapwater [Finley et al., 2009; Rodda et al.,
2011]. However, prolonged irrigation can have increase soil salt content, metal content, and
microbial activity, and change microbial community composition[Rodda et al., 2011; Siggins
et al., 2016]. Despite high pathogenic microorganism counts, it is possible that no significant
contamination occurs when irrigating with untreated greywater, but direct contact between crop
and greywater should be avoided [Finley et al., 2009; Gorgich et al., 2020; Siggins et al., 2016].

With increasing focus on urban water reuse (Subsection 1.2.1), standards are being defined
more frequently for non-potable and potable urban water reuse applications, with an increased
emphasis on safeguarding human health besides removal of pollutants [Reynaert et al., 2021].
Contamination with faecal coliforms and enterococci or faecal streptococci occurs through,
e.g., showering, albeit to a lower extent compared to mixed wastewater, being greywater and
blackwater [Gross et al., 2015]. Indeed, the use of untreated greywater is accompanied by a low
risk for faecal contamination [Kusumawardhana et al., 2021; Schoen et al., 2020]. Pathogen
concentrations from other sources can be much higher, e.g., Salmonella spp. with food prepa-
ration, leading to greater concern than faecal contamination [Gross et al., 2015]. Possible other
pathogens are Pseudomonas aeruginosa, Staphylococcus aureus sp., Legionella pneumophila
sp., Clostridium perfringens sp., and Cryptosporidium spp. (Table 1.3).

The main exposure routes when considering non-potable greywater reuse for, e.g., toilet flush-
ing, are inhalation or ingestion through splashes and aerosols when flushing, and ingestion
through misconnections [Gross et al., 2015]. Opportunistic pathogens such as P. aeruginosa
and L. pneumophilia can grow in the reuse system [Kusumawardhana et al., 2021; Schoen et al.,
2018]. Showering and drinking of misconnected water can lead to a high risk due to presence of
S. aureus and E. coli. Mitigation of these risks can include good design of greywater reuse sys-
tems including collection and treatment, and correct plumbing installation [Kusumawardhana
et al., 2021].



20 1.4. Disinfection of effluent

Table 1.3: Microbial contamination of greywater. All values are given in CFU/100 mL (colony forming units),
with the units for somatic coliphages in PFU/100 mL (plaque-forming units).

Larsen et al. [2013] Gross et al. [2015] Mixed GWa

Total coliforms 1.6·107 – 6.3·108 0 – 1.4·109

Faecal coliforms 2·103 – 109 103 – 108 0 – 5.7·106

E. coli 0 – 8.1·106

Somatic coliphages 0 – 104 103

C. perifringens 1.30·103

Salmonella 0 – 7.9·103

L. pneumophilia 32 – 7.9·102

Cryptosporidium 0 – 2·108

P. aeruginosa 3·103 – 3·104 2·102 – 2·104 94 – 3.1·104

S. aureus 2·103 – 104 104 – 5·105 1.2·102 – 4.1·103

Enterococci and faecal streptococci 103 – 105 25 – 4·104 8·103 – 1.2·106

a Atanasova et al. [2017]; Benami et al. [2016]; Fountoulakis et al. [2016]; Hourlier et al. [2010]; Oteng-
Peprah et al. [2018]

However, the most important threats to human health when reusing greywater are posed by
rotavirus, norovirus, and Cryptosporidium spp. due to their higher concentrations and therefore
higher need for removal [Schoen et al., 2018; Vuppaladadiyam et al., 2019]. Most bacteria are
effectively removed through the most common treatment methods compared to viruses and
protozoa [Schoen et al., 2020; Sharvelle et al., 2017]. An overview of both physicochemical
and microbial reclaimed greywater standards for non-potable water reuse beyond agricultural
irrigation can be found in Table 1.4.

1.4 Disinfection of effluent

1.4.1 The rationale of disinfection
Since microbial contamination can pose a significant health risk, disinfection of wastewater
treatment effluent is often required (Subsection 1.3.2). The disinfective capacity of individual
technologies is often expressed in log removal values (LRV), while the reduction necessary to
meet water quality requirements is expressed in a log reduction target, or LRT [Schoen et al.,
2020]. The LRV (or LRT) can be defined as

LRV = log
cin

cout
, (1.1)

with cin the concentration of a certain pathogen in the influent and cout the concentration of a
certain pathogen after treatment or disinfection (LRV), or the required concentration according
to regulations, guidelines or standards (LRT). Treatment technologies aimed at the improve-
ment of physicochemical quality, e.g., membrane separation, can also exhibit removal for bac-
teria, viruses, and protozoa [Schoen et al., 2018, 2020]. In this subsection, only dedicated
disinfection processes will be discussed, i.e., excluding reverse osmosis or other membrane or
filtration based processes. The most commonly used disinfection processes are UV, O3, per-
acetic acid, and chlorine disinfection, and more advanced oxidation processes (AOP) are, e.g.,
TiO2-UV (photocatalysis), UV/H2O2, vacuum-UV/UV-C, O3/H2O2, and O3/UV [Dubowski
et al., 2020; Gassie and Englehardt, 2017; Linden and Mohseni, 2014; Ragazzo et al., 2020].
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Table 1.4: Reclaimed water requirements for nonpotable water reuse. UR: unrestricted reuse, TF: toilet flushing, SA: sanitary appliances, CW: clothes washing, N.D.: not
detectable.

ISO 30500:2018
Category Ab

U.S. EPA
[2012]

Australia (2011)c Italy (2003)d Spain
(2007)d

Canada
(2010)e

China GB/T
18920-2020

Type International
standard

Guideline Guideline Regulation Regulation Guideline Standard

Reuse purpose UR UR TF, CW TF SA TF TF and UR

pH 6 – 9 6 – 9 6.5 – 8.5 6.0 – 9.5 6.0 – 9.0 6.0 – 9.0
κ (mS cm−1) ≤3.0 ≤3.0
Turbidity (NTU) ≤2 ≤2 (95th percentile)

≤5 (max)
1 – 15 ≤5 (max), .≤2

(median)
≤5

COD (mg L−1) ≤50 ≤100
BOD5 (mg L−1) ≤10 ≤10 ≤20 ≤20 (max),

≤10 (median)
≤10

TN (mg L−1) 70% reduction ≤15 ≤10a

NH4
+-N (mg L−1) ≤1.6 ≤3.9

TP (mg L−1) 80% reduction ≤2 ≤2a

TSS (mg L−1) ≤10 <10 ≤10 5 – 35 ≤20 (max),
≤10 (median)

≤1000

Cl– (mg L−1) ≤250
Residual chlorine (mg L−1) >1 0.2 – 2, or UV dose

40 – 70 mJ cm−2
≥0.5 ≥0.2

Total coliforms (CFU 100 mL−1) ≤0.3
Faecal coliforms (CFU 100 mL−1) N.D. <1
E. coli (CFU 100 mL−1) ≤1 (≥6 LRV) >5 LRV ≤10 0 – 104 ≤200 (max),

N.D.(median)
N.D.

Coliphage MS2 (PFU 100 mL−1) ≤1 (≥7 LRV) <1 (>6.5 LRV)
Clostridia (CFU 100 mL−1) <1
Protozoa (L−1) >5 LRV
Salmonella sp. (CFU 100 mL−1) N.D. N.D.
Nematode eggs (L−1) ≤0.1
Legionella (CFU 100 mL−1) 0 – 102

a Only required for aquifer recharge and recreational uses.
b Reynaert et al. [2020]
c Western Australia Department of Health [2011]
d Alcalde Sanz et al. [2014]
e Health Canada [2010]
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Advanced oxidation processes (AOP) all produce hydroxyl radicals (•OH), which can oxidize
most inorganic and organic compounds in a rapid and non-selective way, including microp-
ollutants [Dubowski et al., 2020; Linden and Mohseni, 2014; Ternes and Joss, 2006]. The
disinfection in AOP can be mainly attributed to oxidative damage by reactive oxygen species
to the cell envelope, enzymes, and intracellular substances, i.e., genetic material of pathogens
[di Chen et al., 2021]. The main advantage of AOP is the absence of disinfection by-products
(DBPs), but high operational costs are an important disadvantage, for instance high UV energy
consumption [Rodríguez-Chueca et al., 2015]. However, high energy use might be a lesser
concern when decentralized solar energy is used during the day, allowing for renewable energy
storage in the form of treated wastewater [Rabaey et al., 2020].

Chlorine disinfection, whilst being very economical, can lead to the formation of DBPs through
the substitution of chlorine and the oxidation of natural organic matter, e.g., carbohydrates,
humic acids, and amino acids [Kwarciak-Kozłowska, 2020]. These DBPs are unwanted due
to toxicity and mutagenicity and can be classified as trihalomethanes (THMs, e.g., chloro-
form), halogenated acetic acids (HAAs, e.g., dichloroacetic acid), and chloramines (CAM, e.g.,
NDMA or N-Nitrosodimethylamine) [Kwarciak-Kozłowska, 2020]. Ozone has no residual dis-
infectant concentration and can also lead to the formation of DBPs, e.g. aldehydes, ketones, and
bromate [Collivignarelli et al., 2017]. Peracetic acid increases the effluent COD and can have
a high chemical cost, but does not usually lead to any DBPs of concern [Domínguez Henao
et al., 2018].

Considering decentralized water treatment on, e.g., a household scale, it might be good practice
to avoid reliance on chemicals, including chemical transport, distribution and localized storage.
Therefore, in-situ electrochemical chlorine gas (Cl2) production or UV disinfection are inter-
esting options. In the former, free reactive chlorine is generated in situ [Huang et al., 2016].
Electrochemical chlorine generation can be more effective for the removal of E. coli, Entero-
coccus and coliphage MS2 compared to chemical disinfection [Huang et al., 2016]. However,
the presence of ammonia in the wastewater can significantly reduce the disinfection efficiency
through reaction of chlorine to chloramines [Huang et al., 2016]. Furthermore, a higher ap-
plied cell voltage and longer reaction time will generate more organic DBPs such as THMs and
HAAs [Huang et al., 2016]. Therefore, UV disinfection will be considered, without AOP for
simplicity.

1.4.2 UV disinfection
The working principle of UV disinfection is the generation of ultraviolet electromagnetic ra-
diation in the germicidal range, being UV-C (200 – 280 nm) and UV-B (280 – 320 nm). The
optimum for bacterial inactivation is about 260 – 265 nm, which coincides with the peak ab-
sorption by DNA. Indeed, UV wavelengths below 320 nm are actinic, causing photochemical
reactions with proteins, RNA, and DNA, especially in the UV-C range. The main mechanism
of micro-organism inactivation is the production of various photoproducts and the cross-linking
between nucleic acids, resulting in the formation of intrastrand cyclobutyl-pyrimidine dimers
(CPD) in DNA, leading to mutations or cell death [Kowalski, 2009].



CHAPTER 1. INTRODUCTION 23

However, the sustained DNA damage can be limited with photoreactivation, which is a self-
repair process induced by visible and UV wavelengths monomerizing the formed CPDs. Pho-
toreactivation is limited for viruses, since monomerization leaves gaps and defects in the DNA
for which many bacterial cells possess repair enzymes such as photolyase. Photoreactivation
is dependent on the amount of UV damage and can not completely reverse damage due to
the presence of other damaging photoproducts. Enzymes, including photorepair enzymes, can
be damaged by broader UV wavelengths in the UV-C and UV-B range, excluding 253.7 nm
[Kowalski, 2009]. Furthermore, advanced oxidation processes with UV, e.g., TiO2-powder/UV
or even TiO2-coated ceramic membanes/UV, can reduce photoreactivation through the produc-
tion of hydroxyl radicals [Fang et al., 2014].

Three main types of UV lamps exist [Kowalski, 2009]: low pressure (LP) mercury vapour (Hg)
lamps producing a wavelength of 253.7 nm, medium pressure (MP) Hg lamps with generally
broader emission patterns in the UV-C and UV-B spectrum, and light-emitting diodes (LEDs)
that have a variety of possible wavelengths. LP-Hg lamps can also be called monochromatic
lamps, while MP-Hg lamps can be called polychromatic lamps [Hijnen et al., 2006]. The
optimum wavelength for E. coli inactivation is roughly 265 nm, with the bacterial absorbance
at 253.7 nm being 84% of the optimal absorbance, leading to high germicidal effectiveness
of LP-Hg lamps. UV wavelengths of 175 – 210 nm can lead to the formation of ozone from
oxygen, which is only a problem with MP-Hg lamps since these can exhibit a weak spectral
line at 185 nm and LP-Hg lamps only emit strongly at 253.7 nm. However, MP-Hg lamps show
enhanced prevention of photoreactivation due to their broad spectrum nature. LED-UV lamps
are small, but can be organized into arrays. LED-UVs can produce an optimum wavelength of
265 nm and do not require the toxic heavy metal mercury [Kowalski, 2009]. Furthermore, 280
nm LEDs can limit photoreactivation and dark repair of E. coli compared to LP-Hg lamps and
265nm LED-UVs due to the inactivation of aforementioned repair enzymes [Li et al., 2017]. A
disadvantage of LED-UVs is their more expensive nature compared to mercury vapour lamps
[Crook et al., 2014].

The irradiance of the UV lamp, which is the power of the lamp at a certain wavelength over
a surface area, is often expressed in mW cm−2 or W m−2 due to the measurement methods
typically used. In the case of water treatment, however, both the irradiation field and micro-
organisms are present in a volume, and UV intensity is rapidly reduced (attenuated) within the
first 15 cm of water [Kowalski, 2009]. Therefore, an irradiance unit of W m−3 or mW L−1 is a
more appropriate choice [Kowalski, 2009; Müller et al., 2014]. The corresponding UV dose or
fluence, being the photonic energy in joules absorbed per unit area or volume, is then typically
expressed in mJ cm−2 or mJ L−1. This UV dose is linearly related to the LRV, although this
relationship can plateau at higher UV doses for some micro-organisms, e.g., Cryptosporidium
[Hijnen et al., 2006].

The required UV dose to completely inactivate the micro-organisms present in greywater can be
found in Table 1.5, which is based on maximum pathogen concentrations in untreated greywater
(Table 1.3) and linear regressions for UV dose and inactivation relations found in Hijnen et al.
[2006]. However, these values only serve as an indication, since dose-inactivation data was
found to be sparse except for the study of [Hijnen et al., 2006], which is primarily based on
data for drinking water disinfection with lower pathogen loads. Therefore, the log removal
targets (LRT) for greywater can be higher than the maximum observed log removal values
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(LRV) in the reviewed studies for drinking water, and the calculated UV doses were higher
than the tested ranges. Since greywater could contain more UV-absorbing organic compounds
than drinking water, a correction would be required, which is not taken into account for Table
1.5. Furthermore, the effect of photoreactivation, the use of environmental species (i.e., not lab-
grown pure cultures), and partial removal through prior wastewater treatment is not considered.
P. aeruginosa and S. aureus were not reviewed in Hijnen et al. [2006], which might be due to a
lower health risk [Friedler and Gilboa, 2010].

Table 1.5: Required UV doses for untreated greywater disinfection, with cGW, max the maximum concentrations
for mixed greywater from Table 1.3, the LRT the required log removal for full disinfection, Dused and LRVmax
the used UV dose range and maximum observed log removal of the reviewed studies in Hijnen et al. [2006],
respectively, and DLRT the required UV dose for the specified log removal target.

cGW, max LRT DLRT LRVmax Dused
(CFU 100 mL−1) (mJ cm−2) (mJ cm−2)

Total coliformsa 1.4·109 9.1 18.1 6.0 1 – 15
Faecal coliformsa 109 9.0 17.8 6.0 1 – 15
E. coli 8.1·106 6.9 13.7 6.0 1 – 15
Somatic coliphagesb 104 4.0 72.7 4.9 5 – 139
C. perifringens 1.30·103 3.1 69.9 3.0 48 – 64
Salmonellac 7.9·103 3.9 7.6 5.6 2 – 10
L. pneumophilia 7.9·102 2.9 7.2 4.4 1 – 12
Cryptosporidiumd 2·108 8.3 32.1 3.0 0.9 – 13.1
P. aeruginosa 3.1·104 4.5
S. aureus 5·105 5.7
Enterococci and faecal
streptococcie

1.2·106 6.1 19.5 4.6 2.5 – 16

Represented as aE. coli, bMS2 coliphage, cSalmonella typhi, dC. parvum, and dStreptococcus fae-
calis

UV was first used for drinking water disinfection in 1906 [von Recklinghausen, 1914]. How-
ever, preference was given to chlorination, which was being implemented quasi-simultaneous
and had lower costs, a higher reliability and the presence of a disinfectant residual [Hijnen
et al., 2006]. Almost non-existent DPBs and higher inactivation of Cryptosporidium, Giardia,
and viruses compared to chlorination and ozonation led to increased application of UV dis-
infection in recent decades [Friedler and Gilboa, 2010; Hijnen et al., 2006]. Therefore, UV
is highly effective against all pathogens, bacteria, protozoa and viruses present in wastewater
treatment effluent and drinking water [Hijnen et al., 2006]. However, no residual disinfectant is
present, which can enable regrowth of pathogens [Crook et al., 2014; Fenner and Komvuschara,
2005; Friedler and Gilboa, 2010]. Furthermore, UV disinfection is highly sensitive to UV scat-
tering and absorption by particles or large flocs, meaning that high TSS and turbidity levels
can reduce disinfection effectiveness and increase the UV dose demand [Azimi et al., 2014;
Friedler et al., 2021; Kowalski, 2009]. Therefore, removal of particles prior to UV irradiation
is favoured. LED-UVs might be less affected when multiple diodes are present at different an-
gles, compared to more traditional UV configurations with a single lamp or parallel irradiation
[Crook et al., 2014].
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1.5 Membrane technologies for greywater treatment
Key challenges for greywater treatment are the high variability, both in terms of flows and
loads, and the presence of xenobiotic compounds (Subsection 1.3.1). Decentralized treatment
systems should be able to overcome these difficulties, whilst being compact and robust [Gross
et al., 2015]. A most promising technique are membrane bioreactors (MBR), since on-site
MBR systems have shown good reliability and produce good water quality fit for reuse in
terms of turbidity, bacteria, TSS, and BOD5 [Gross et al., 2015; Jabornig, 2014]. MBRs have
a high potential for micropollutant removal [Ma et al., 2018; Tadkaew et al., 2011; Trinh et al.,
2012], but this will not be elaborated upon any further in this work.

Membrane bioreactors are defined by Judd [2011] as an integration of a permselective mem-
brane with a biological treatment process. This selectivity is achieved by either sieving (porous
membranes for microfiltration, ultrafiltration, and nanofiltration) or by dissolving and diffusion
(dense membranes for nanofiltration or reverse osmosis). The following work will be limited
to microfiltration (MF), where the membrane acts as filter with a pore size of 0.05 µm to ap-
proximately 5 µm, rejecting the solid materials developed by the biological process to provide a
clarified permeate (partially) free of larger microbial cells [Hyde et al., 2016; Judd, 2011]. This
retention of biomass can cause a high solids retention time (SRT), leading to reduced sludge
production and the ability to treat a large volume of water with low hydraulic retention time
(HRT) [Gross et al., 2015; Park et al., 2015].

Figure 1.3: The two most common MBR configurations: (a) external configuration with cross-flow filtration, (b)
submerged configuration in dead-end filtration mode. Reprinted from Lin et al. [2012].

The combination of the biological reactor with the membrane itself can occur in different con-
figurations (Figure 1.3). The membranes can be submerged (internally) in the reactor, often
with dead-end filtration, i.e., filtration flow is perpendicular to the membrane [Atanasova et al.,
2017; Fountoulakis et al., 2016], or they can be situated in an external compartment, where
a tangential shear force often acts on the membrane, i.e., cross-flow filtration [Friedler et al.,
2008; Sun et al., 2010]. The ratio between permeate (effluent) and feed (influent) is known as
the recovery [Judd, 2011]. When the recovery is < 1, the concentrate can be defined as the
retained mixed liquor which can be recirculated or disposed of.
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Control of permeation can be based on flux or pressure, since both are correlated through the
relationship

Jw =
∆P

µ ·Rm
=

ε ·d2
p ·∆P

32µ ·∆x
, (1.2)

where Jw is the water flux (m3 m−2 s−1 or more commonly LMH, L m−2 h−1), ∆P the trans-
membrane pressure or TMP (Pa), µ the dynamic viscosity of water (Pa s), and Rm the clean
membrane resistance (m−1 or equivalent), ε the surface porosity, dp the pore diameter (m) and
∆x the pore length or membrane thickness [Gitis and Rothenberg, 2016; Park et al., 2015].
Therefore, by setting either Jw or ∆P, the other can be controlled. The membranes can be
constructed as flat sheets, hollow fibres, (capillary) tubes, pleated filter cartridges, or spiral
wound modules. There are two main material classes for use in membrane bioreactors, being
polymeric and ceramic membranes [Judd, 2011]. Their application for GW treatment will be
described in detail in Subsections 1.5.2 and 1.5.3.

To increase the treatment performance of MBRs, they can be integrated with other biological
treatment technologies to obtain hybrid-MBR or HMBR. On such option is the use of biocar-
riers from moving bed biofilm reactors (MBBR) for moving bed biofilm (ceramic) membrane
reactors, or MBB(C)MR [Palmarin and Young, 2019; Palmarin et al., 2020; Wang et al., 2019].
This can lead to an increase in removal efficiency for TN and ammonia due to enhanced si-
multaneous nitrification and denitrification in the deeper, anoxic layers of the biofilm on the
carriers [Palmarin and Young, 2019].

Microbial growth on GW can be limited due to surfactants and biocides present in the GW,
causing low sludge concentrations of 2 to 3.6 g MLSS L−1 [Hasan et al., 2015; Lamine et al.,
2012; Palmarin et al., 2020]. However, the lower MLSS levels can in some cases be attributed
to a low organic load in the GW, dependent on the type and composition of the GW [Liberman
et al., 2016]. Therefore, enhanced biomass retention is a major advantage of MBRs, besides
their compact operation. MBRs can effectively overcome long periods of starvation, which
is beneficial for decentralized water treatment regarding, e.g., absence of household inhabi-
tants during holiday periods. Palmarin et al. [2020] found that, after a starvation period of
two months, the MLVSS concentration decreased by 35%, but the lost biomass was recovered
within 2 weeks. Furthermore, a decrease in the removal of ammonia, total nitrogen, and total
phosphorus from 88%, 58%, and 90%, to −46%, 19%, and 9%, respectively was observed,
also recovering to the baseline treatment performance after two weeks. Lastly, starvation led to
an increase in soluble microbial products (SMP), which caused immediate fouling during the
first four days after reactivation. Again, the fouling rate returned to normal after two weeks of
reactivation.

MBRs generally have high energy consumptions [Gross et al., 2015; Judd, 2011]. Indeed, de-
centralized greywater reuse can increase energy consumption for MBR compared to centralized
systems [Besson et al., 2021]. Energy use can vary from around 0.4 kWh m−3 to as high as 3.3
kWh m−3 [Atanasova et al., 2017; Atasoy et al., 2007; Jeong et al., 2018; Lamine et al., 2012].
Despite aeration contributing about 90% of the energy requirements in submerged MBRs [Judd,
2011], fouling control and reduction of maintenance is an important and often-researched topic.
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1.5.1 Cleaning and fouling
From Equation 1.3, it follows that an increase in membrane resistance will lead to either a
reduced flow through the membrane (Jw) or an increase in TMP, dependent on the operational
control (Subsection 1.5). This increase in membrane resistance is defined as fouling, and can
be modelled as a resistance in series, with R f the fouling resistance (Equation 1.3, Park et al.
[2015]).

Jw =
∆P

µ · (Rm +R f )
(1.3)

Fouling is caused by deposition over time of solid particles on the membrane surface, be-
ing cake filtration, or within the pores, being clogging [Gitis and Rothenberg, 2016; Judd,
2011]. These particles can be inorganic scaling, organic, colloidal, and microbial in nature
[Gitis and Rothenberg, 2016]. The accumulation of inorganic precipitates on the membrane
surface is uncommon for microfiltration, and colloidal fouling with inert material such as sand
or clay is limited and reversible if the particle size is large relative to the membrane pore size
[Gitis and Rothenberg, 2016]. Fouling is more commonly caused by organic solutes through
solute-membrane interactions such as electrostatic and hydrophobic or hydrophilic interactions.
Important factors are the hydrophobicity and iso-electric point of the solutes and membrane,
surface roughness and porosity of the membrane, and pH, ionic strength and metal concentra-
tion of the water [Gitis and Rothenberg, 2016]. The most common type of membrane fouling,
especially in MBRs, is biofilm formation on the membrane surface leading to cake filtration
[Gitis and Rothenberg, 2016; Judd, 2011; Park et al., 2015].

To remove fouling, some sort of cleaning is necessary, which can be physical or chemical
and is performed either in-situ (cleaning-in-place, CIP) or ex-situ (cleaning-out-of-place, COP)
[Judd, 2011]. Fouling that can be removed by physical cleaning is called reversible, while
any fouling requiring chemical intervention is called irreversible [Gitis and Rothenberg, 2016].
Oftentimes, despite being less effective than chemical cleaning, physical cleaning is preferred
due to a reduced cost, time needed for cleaning, and likeliness to induce membrane degradation
[Judd, 2011]. For similar reasons as with disinfection (Subsection 1.4.1), chemical usage and
chemical waste should be avoided when considering non-grid water reuse, thereby favouring
maximum possible physical cleaning.

Typically, physical cleaning is done on a periodic basis, while chemical cleaning is performed
once a certain pressure threshold is achieved [Judd, 2011]. Physical cleaning methods include
backwashing and relaxation. Backwashing involves the reversal of flow or blowing of air to-
wards the feed side to wash-off or blow out fouling constituents, and is not possible for most
flat sheet polymeric membranes. Relaxation is the stopping of the permeate flow on a periodic
basis whilst continuing membrane aeration to induce shear stress, i.e., air scouring [Gitis and
Rothenberg, 2016; Judd, 2011; Yusuf et al., 2015]. A wide range of chemical cleaning agents
can be used, dependent on the nature of the foulant. Examples are bases and acids (NaOH,
citric/oxalic acid) for the hydrolysis and solubilization of organic and microbial fouling, acids
(HCl, H2SO4, citric/oxalic, HNO3) for inorganic fouling removal, oxidants (HOCl, H2O2) for
decomposing organic matter, chelating agents (EDTA) to weaken fouling layer strength by re-
moval of divalent cations (e.g., Ca2+), surfactants to solubilize the foulants, and enzymes to
remove fouling caused by proteins [Gitis and Rothenberg, 2016; Judd, 2011].
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1.5.2 Polymeric membranes
The most commonly used membranes are polymeric, i.e., being constructed from a large
range of possible polymers, with commercial use of predominantly polyethersulfone (PES),
polyvinylidene difluoride (PVDF), or derivatives of polyethylene (PE). Polymer materials can
differ mainly in mechanical strength, hydrophilicity, and chemical resistance, of which an
overview can be found in Table C.1 for 6 polymer families. Most polymeric membranes are
asymmetric, which means that a layer with a larger pore size supports a separation layer with a
smaller pore size, which provides the necessary selectivity [Judd, 2011]. Polymeric membranes
show widespread implementation in industry, and studies for the treatment of greywater with
polymeric membranes are ubiquitous in literature [Wu, 2019]. More recent research focused
mainly on ultrafiltration and hollow fibre membranes [Atanasova et al., 2017; Ding et al., 2016;
Fountoulakis et al., 2016; Jabornig and Podmirseg, 2015; Palmarin et al., 2020], due to higher
packing densities possible [Judd, 2011; Park et al., 2015].

However, this study considers microfiltration. A selection of studies concerning GW treatment
with polymeric flat sheet MF membranes in submerged MBRs is given in Table 1.6, with op-
erational regimes mostly based on sequencing batch reactors, except the study of Huelgas and
Funamizu [2010], which was operated in a continuous mode. All studies except Scheumann
and Kraume [2009] relied on gravitational permeation based on a water level difference, which
means both flux and pressure differed throughout the operational cycle. Huelgas and Funamizu
[2010] controlled permeation through a constant water level, i.e., a constant pressure head.
Scheumann and Kraume [2009] used peristaltic pumps, leading to a flux-controlled system. All
recoveries were 100% with no sludge wastage, except for a SRT of 55 days set by Hocaoglu
and Orhon [2010]. Atasoy et al. [2007] and Lamine et al. [2012] observed no requirement of
membrane cleaning for 50 days, while for Huelgas and Funamizu [2010] this was 87 days and
the membranes used by Scheumann and Kraume [2009] required cleaning every 6 months. Fur-
thermore, Scheumann and Kraume [2009] studied intermittent aeration, with the introduction
of anoxic and oxic periods to enhance nitrogen removal.
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Table 1.6: Overview of the operating parameters and major removal efficiencies for studies on GW treatment with polymeric flat sheet MF membranes in submerged MBRs.
The relaxation is expressed in minutes of pumping per total pumping cycle during the permeation step.

Huelgas and Funamizu
[2010]

Atasoy et al. [2007] Hocaoglu et al.
[2013]

Scheumann and
Kraume [2009]

Lamine et al.
[2012]

Greywater source Synthetic kitchen sink and
washing machine wastewa-
ter

Lodging houses Lodging and guest
houses

Synthetic GW excluding
kitchen sink and dish-
washer

Bathwater

Operational parameters
Vreactor (L) 10, lab scale 600, pilot scale 630, pilot scale 500, pilot scale 17, lab scale
Membrane type Polyolefina, Kubota A4 C-PE, Kubota plate

and frame
C-PE, Kubota plate
and frame

Polyphenol resin plate
(0.4 µm), PES (UF) and
PVDF (MF)

PE, Kubota A3

dp (µm) 0.4 0.4 0.4 0.4
Relaxation (min min−1) 2/12 None None 1/10 1/6
Specific aeration (m3 air m−2 h−1) 6 1.3 8
Jw (LMH) 7.5 – 11.7 26 – 36 9 – 12 <7
HRT (h) 13.6 18 21 12 13
SLR (kg COD kg−1 MLSS d−1) 0.07 0.05 0.09
VLR (kg COD m−3 d−1) 1.21 0.3 0.318
MLSS (g L−1) 16 4 – 12 4.6 5.0 – 8.0 3.5
DO (mg L−1) 4 7 8 – 9 (oxic) and <0.3

(anoxic)

Removal efficiencies
COD 96% 95% 97% 92% 87%
NH4

+-N 6% 82% 89.5% 97% 97%
TN 52.4%b 92% 76% Presumably low
TSS 94% >96% 100%

Log removal values
Total coliforms >4.13 >5.0
Faecal coliforms >3.55 >4.7
a ‘Polyolefins’ can refer to PE or PP.
b Total Kjeldahl nitrogen, not including nitrite and nitrate.



30 1.5. Membrane technologies for greywater treatment

1.5.3 Ceramic membranes
Ceramic membranes are a subcategory of membranes made from (at least one layer) of inor-
ganic material [Gitis and Rothenberg, 2016]. This distinguishes them directly from polymeric
membranes, resulting in significantly different properties (Table 1.7). While polymeric mem-
branes can be either porous or dense (Section 1.5), ceramic membranes are most often porous
and asymmetric (Figure 1.4), i.e., ceramic membranes are usually composites with a support
layer giving strength to the membrane. Aluminium oxide (α-Al2O3) is commonly used as
support, but this is being increasingly replaced by TiO2, due to its higher corrosion resistance
[Buekenhoudt, 2008]. Other possible substrate materials are glass (SiO2) and stainless steel
[Nyamutswa et al., 2018; Zeuner et al., 2020].

The intermediate layers usually consist of γ-Al2O3, TiO2, ZrO2, or mixtures thereof and serves
as a transition between the large pores of the support and the small pore size of the top layer
[Buekenhoudt, 2008]. The material of the active top layer determines the main properties of
the ceramic membrane. Possible options are γ-Al2O3, SiO2, SiC, TiO2, ZrO2, other metal
oxides and metal oxide mixtures, and zeolite [Arndt et al., 2016; Gitis and Rothenberg, 2016;
Richter et al., 2003]. Hybrid organic-inorganic materials for the top layer aim to combine the
best aspects of ceramic and polymeric membranes [Merlet et al., 2020]. An overview of the
different materials and characteristics can be found in Table C.2. It is evident that the selection
of an appropriate material (e.g., materials with low fouling) can impact the system performance
for a chosen application.

Table 1.7: The major advantages and disadvantages of ceramic membranes over polymeric membranes. Adapted
from Gitis and Rothenberg [2016]

Advantages Disadvantages

Higher thermal stability (>200°C) Low hydrothermal stability of composite mem-
branes with a silica top layer

Higher resistance to organic solvents More expensive source materials, complex pro-
cessing; relatively high capital installation costs

Chemical stability over a wider pH range Difficult sealing and module construction

Long-time operational stability, no ageing,
higher lifespan (15–20 years vs. 7–10 years);
potentially lower life cycle cost

Low packing density

Higher mechanical stability and structural in-
tegrity under large pressure gradients, allowing
for operation and backwashing at high flux (up
to 500 LMH)

The innate brittleness requires specialized con-
figurations and supporting systems

More uniform pore size distribution, no deterio-
ration of selectivity at higher flux

Relatively high installation and modification
costs in case of defects

(Electro)catalytic and electrochemical activity
easily realizable.

Low permeability of high-selectivity (dense)
membranes at medium temperatures
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Figure 1.4: Schematic representation of a composite ceramic membrane: (A) top layer. (B) intermediate layer,
and (C) porous support. Reprinted from Lindqvist and Lidén [1997].

Due to increased chemical and thermal stability, ceramic membranes can withstand harsh chem-
ical cleaning, and can be sterilized and autoclaved [Issaoui and Limousy, 2019]. Furthermore,
because of the rigid structure, ceramic membranes are backwashable. TiO2 membranes with
glass SiO2 support can be used for its photocatalytic properties as an alternative to chemical
cleaning [Nyamutswa et al., 2018].

Hofs et al. [2011] compared polymeric and ceramic membranes in terms of fouling suscep-
tibility when treating lake water. The small tubular membranes tested were Al2O3, TiO2,
and ZrO2 ceramic membranes and a polyethersulfone/polyvinylpyrrolidone mixture polymeric
membrane. From Figure 1.5, it becomes clear that the tested membranes differ significantly
in terms of fouling. Firstly, it can be noted that the ceramic membranes show less irreversible
fouling than the polymeric, but this difference can be explained by the lower volume-to-area ra-
tio of the polymeric membranes [Hofs et al., 2011]. TiO2 and especially SiC have significantly
lower fouling susceptibility among the ceramic membranes, both irreversible and reversible.
de Wit et al. [2015] attribute this to the low iso-electric point and high hydrophilicity for the
case of SiC. However, Hofs et al. [2011] regard the larger pore size of the TiO2 and SiC mem-
branes as the cause of the lower fouling susceptibility. All membranes should have similar pore
sizes, but the measured pore sizes were found to be vastly different and up to 24 times higher
than those given by the manufacturers [Hofs et al., 2011]. It is worth noting, however, that the
porosity of the SiC membrane was determined for a different membrane type (flat disc) than
the membrane used for the fouling experiments [Hofs et al., 2011].

Figure 1.5: TMP increase due to reversible and irreversible fouling for different membrane materials. Reprinted
from Hofs et al. [2011].
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The high costs of raw materials and energy consumption for the sintering-based production
process of ceramic materials have led to the preference of polymer-based membranes over
ceramics, especially for small-scale systems [Li, 2007]. Therefore, ceramic membranes are
more often used for niche applications where its advantages are a requirement, e.g., high load
industrial wastewaters [Eom et al., 2015; Issaoui et al., 2016], food and beverage industry [Yang
et al., 2020; Yazdanshenas et al., 2010], and microbial fuel cells [Burmistrov et al., 2013; Daud
et al., 2018]. To counter this, there is a strong focus on the use of low-cost raw materials such
as kaolin clay, coal fly ash, illite clay, and apatite to reduce production costs [Hubadillah et al.,
2018; Jedidi et al., 2009; Khemakhem et al., 2007; Sahoo et al., 2016].

There have been few studies on the applicability of ceramic membranes for (non-biological)
greywater treatment [Ahn et al., 1998; Bhattacharya et al., 2013; Das et al., 2018]. Concerning
MBRs for GW treatment, Sun et al. [2010] studied a biofilm-MBR, being a biofilm reactor and
an external submerged membrane unit, using Al2O3 ceramic membranes with a pore size of
0.2 µm. The treated wastewater streams were the greywater, blackwater, and bilge water of a
ship. Bilge water is the oily, surfactant-rich water found in the bilge, i.e., lowest part of a ship,
generated by draining of deck water into the ship, internal (oil) leaks, or other spillage. For the
case of black- and greywater only, removal efficiencies of 88% and 72% for respectively COD
and NH4

+-N were achieved with a recovery of 93% and a flux of 13.5 LMH. Furthermore, both
recoveries of 70% and 93% showed similar values for TSS near the membranes, as well as
similar effluent quality [Sun et al., 2010].

Another study was made by Hasan et al. [2015], where a low-cost ceramic membrane was
prepared using a mixture of dried clay soil (80 w%) and rice bran (20 w%), resulting in a
porosity of 60±1% and a pore size of 1–5 µm. Synthetic greywater, composed of shampoo,
dish cleaner and laundry detergent was treated. Removal efficiencies of >97% and >88% were
found for respectively BOD5 and TOC, but no removal of TN or TP was observed. Anionic
surfactant removal was found to be >99% for methylene blue and 93% for linear alkylbenzene
sulfonates (C10 – C14). The ceramic filter was not heavily susceptible to fouling, since it could
be operated at a stable flux of 11.5 LMH without cleaning or backwash for the total duration of
the experiment.

The limited amount of available literature on ceramic membrane bioreactors for greywater
treatment might be due to the perceived high cost of ceramic membranes compared to poly-
meric membranes (Table 1.7). However, interest in more general applications such as wastew-
ater treatment is increasing. The robustness, i.e., mechanical strength and lifespan, could be an
advantage for household-scale submerged MBR for greywater treatment, allowing low main-
tenance requirements. Furthermore, the ability to clean the membranes without the need for
chemicals allows for a more safe operation for household applications. To the best of the au-
thor’s knowledge, a direct comparison between ceramic and polymeric membranes for small-
scale greywater treatment in MBRs has not been performed, and no LRV has been determined
for ceramic membranes in this scenario.



2 Objectives and hypotheses
As the title of this thesis implies, the focus will be on the reclamation of greywater for non-
potable reuse and the application potential of an MBR treatment system with UV disinfection
on a small scale, e.g., single households. A continuous flow submerged MBR was chosen as
opposed to a sequencing batch reactor to monitor fouling more effectively through constant flux
application and the measurement of the transmembrane pressure. Microfiltration was chosen
due to lower operating pressures, fouling, energy and maintenance requirements caused by the
larger pore size. Flat sheet membranes were selected since this membrane type can be more
easily cleaned manually by wiping or brushing of the filter cake layer. The main objectives and
hypotheses are, in order of importance:

1. Comparing C-PE polymeric and SiC ceramic flat sheet membranes in terms of fouling
rate and treatment performance. Due to the superior surface characteristics of ceramic
membranes, it is expected that the SiC membranes will be less susceptible to fouling and
therefore have a higher applicability to small-scale treatment systems.

2. Evaluating the microbial disinfection performance with the indicator organism E. coli, to
ensure low human health risk of the treated effluent. This includes the determination of
a LRV for the polymeric and ceramic flat sheet membranes, and UV disinfection. The
LRV for the membranes are expected to be in line with literature, while the UV reactor
is expected to effectively remove E. coli to non-detectable levels. Furthermore, the UV
reactor will be characterized to link the determined LRV with the applied UV dose.

3. Maintaining a stable operation of an MBR with UV disinfection, treating synthetic grey-
water and producing effluent quality fit for non-potable reuse. It is hypothesized that the
influent buffer or storage drum will contribute to degradation, as would be expected in
a real-life situation. As MBRs are a proven technology that are being often applied in
centralized WWTP, it is hypothesized that the MBR can effectively treat the greywater
to water quality targets for non-potable reuse.

4. Confirming the advantages of MBRs compared to different treatment systems for de-
centralized greywater treatment. These include the smaller required reactor size, effec-
tive retention of biomass, high effluent clarity, and better process control. The activated
sludge concentration is expected to be limited due to the inhibitive nature of surfactants
and biocides present in greywater.

5. Determining a correlation between UV254 absorbance of the effluent and water quality
parameters sCOD and TOC, to allow for on-line monitoring. It is expected that strong
correlations will be found, although the specific relations are expected to be different for
the influent and effluent.
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3 Materials and methods
3.1 Synthetic greywater composition and preparation
Due to practical constraints, synthetic greywater was chosen as reactor feed, of which the com-
position and aimed-for COD and TN can be found in Table 3.1. The composition was based
on risk assessment studies for personal care product (PCP) use [Ficheux et al., 2019], eco-
nomic data on detergent use [Madsen and Miljøstyrelsen, 2001], greywater quantity dependent
on source for Flanders [Vlaamse Milieumaatschappij, 2018], and Aiyuk and Verstraete [2004]
and Larsen et al. [2013] for chemical compounds concentration. The GW was prepared weekly
in concentrate batches of 10 L and stored at 4°C, which could be diluted with tap water to 280
L fresh influent when needed. To analyse the composition of the synthetic greywater, fresh GW
was prepared once using demineralized water (Milli-Q) as diluent. Furthermore, the composi-
tion of tap water was analysed once to assess its contribution to synthetic GW in terms of COD,
TN and ions.

Table 3.1: Composition of the synthetic greywater, including aimed-for COD and TN concentrations.

Component Concentration (mg L−1)

PCP and detergents
Shampoo 53.48
Shower gel 142.60
Toothpaste 35.65
Shaving foam 53.48
Liquid laundry 208.49
Dishwasher tablets 87.43

Chemical compounds
NaAc 394.00
NH4Cl 83.00
K2HPO4 3.00
Na2SO4 51.08
CaCl2 50.00
NaCl 50.00

Overall parameters
CODPCP and detergents 204
CODNaAc 300
CODtotal 504

TNPCP and detergents 1.3
TNNH4Cl 21.73
TNtotal 23.0
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For rinse-off PCP usage, risk assessment studies were selected from Ficheux et al. [2019], of
which a summary can be found in Table 3.2. For each PCP, an intermediate value was selected
for further calculations. For detergents, no risk assessment studies were found, which is likely
due to the indirect nature of exposure contrary to PCP, which are often applied directly to the
body. The daily usage per person was therefore based on economic data. Even then, little
data was available for each category of detergent, with the most recent data found from 1998
[Madsen and Miljøstyrelsen, 2001]. A summary can be found in Table 3.3.

Table 3.2: Summary of PCP usage based on risk assessment studies.

PCP Consumption (g p−1 d−1)
Biesterbos et al.
[2013]a

Garcia-Hidalgo et al.
[2017]b

Gomez-Berrada et al.
[2017]c

Selected values

Shampoo 2.4 2.9 7.8 3
Conditioner 2.1 2.9 2.5
Shower gel 4.5 8.3 11.9 8
Bathing foam 1.2 0.8 1
Toothpaste 2.2 1.8 2
Shaving foam 1.3 1.3
Shaving gel 1.7 1.7
Liquid hand soap 10.3 6.1 7.5
Solid soap 3.2 3.2

Countries: a NL; b CH; c FR, MK, ES, NL, PL, PT, MU, ZA, and BR

The calculated product usage (g p−1 d−1) can be divided by the total water usage for greywater
(L p−1 d−1) as discussed in Subsection 1.3.1 to obtain concentrations in g L−1. The water
usage data for Flanders was used [Vlaamse Milieumaatschappij, 2018]. Water requirements for
textile handwashing (1.1 L p−1 d−1) and hand dishwashing (6 L p−1 d−1) were not included.
The missing COD and TN contained within food particulates often present in kitchen sink and
machine dishwasher wastewater was approximated by acetate and ammonium chloride. The
values for shaving gel and foam were summed, and shaving foam was used. Similarly, for hand
and machine dishwashers, dishwashing tablets were used. The value for powder laundry was
used as liquid laundry, while the value for liquid laundry itself was dropped.

Table 3.3: Detergent usage in the EU in 1998 [Madsen and Miljøstyrelsen, 2001]. Values in g p−1 d−1 were
converted using the population size in 1998 [UN Population Division, 2019a].

Detergents Consumption (ton y−1) Consumption (g p−1 d−1)

Powder laundry 3100000 11.70
Liquid laundry 560000 2.11
Fabric softener 1000000 3.77
Hand dishwasher 800000 3.02
Machine dishwasher 500000 1.89



36 3.1. Synthetic greywater composition and preparation

For the chemical compounds (NaAc, NH4Cl, K2HPO4, Na2SO4, CaCl2, NaCl), a previous
composition was continued, which was partly based on Aiyuk and Verstraete [2004]. The used
products (detergents and PCP), together with their properties, can be found in Table 3.4. Den-
sity was determined by adding a known weight of the product to a measuring cylinder filled
with water and measuring the volume increase. COD and TN were determined by dissolv-
ing a certain weight of the product (dependent on expected COD and TN values) in 100 mL
volumetric flasks, after which analyses were performed as described in Section 3.3.

Table 3.4: Properties of the PCP and detergents used.

Product Density (g mL−1) COD (mg g−1) TN (mg g−1)

Shampoo
(L’Oréal Elseve Extraordinary Oil) 1.057 377 0.7

Shower gel
(Tahiti Tropical wood) 0.9649 374 0.59

Toothpaste
(Sensodyne Fresh Mint) 1.777 385 7.1

Shaving foam
(Gillette Series 3x Sensitive Skin) 0.175 478 0.87

Liquid laundry
(Persil Power Gel Summer Garden) 1.036 331 0.39

Dishwasher tablets
(Sun Classic) 2.03 253 8.6
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3.2 Reactor design and operation
Two identical MBRs with a volume of 10 L were constructed out of acrylic panels (Figures 3.1
and B.10). The reactors could be bolted closed by a lid, to avoid aerosol dispersion in the lab.
The polymeric membranes used were flat sheet chlorinated polyethylene (C-PE) membranes
with a pore size of 0.4 µm, surface area of 0.11 m2 (A4 size), and initial membrane resistance
(Rm) of 2.75·1011 m−1 (Kubota, Japan, Figure B.9). A hydrophilic agent was applied to the
C-PE membrane by the manufacturer (Kubota), which increases hydrophilicity and reduces
fouling susceptibility (Subsection 1.5.2). The ceramic membranes used were flat sheet SiC
membranes with a surface area of 0.165 m2, a pore size of 0.56 µm, and a porosity of 42%
(confidential supplier, Figure B.8). The clean water membrane resistance was not estimated
for the ceramic membranes. Each MBR was outfitted with either a polymeric or ceramic mem-
brane. The membranes were suspended by a metal wire at an appropriate height in the middle
of the reactor. The reactors were set up in a temperature-controlled room, being 22±1 °C.

Greywater tank (120 L)

To MBR 2 MBR 1 (10 L)Influent pump
 (15 mL min-1)

UV

PI

Drain
Effluent pump
 (14.25 mL min-1)

Aquarium 
pumps

To MBR 2

Airflow controller 
(0.5 L O2 min-1)

PI

M

x

Px

Patm

Pm

a

c

b

d                    e

c

c

Overflow vessel (10 L)

Figure 3.1: Overview of the membrane bioreactor (MBR) setup, with PI: pressure indicator (manometer), a:
membrane, b: aeration stones, c: sample valves, d: 1 mm mesh filter, and e: overhead stirrer.

The reactors were inoculated at 1 g L−1 MLSS with activated sludge from a nearby WWTP
(Ossemeersen, Ghent). The intial start-up was performed on a previous greywater composition,
which was diluted 1:10 due to excessive foaming. Starting at day 0, the new composition as
described in Subsection 3.1 was used. The reactor operation can can be divided into 3 phases,
with a first phase of operation and heavy optimization using the polymeric membranes (Phase
I: day 0–74). Between day 75 and day 95, there was a bridge period when reactor operation
continued, but no analysis results are available. Due to sludge problems during Phase I (Subsec-
tion 4.2.1), the reactors were reinoculated on day 96 at 4 g L−1 MLSS, i.e., the reactor contents
were replaced with undiluted activated sludge from the WWTP. Sample analysis resumed on
day 123. Polymeric membrane operation continued until day 164 (Phase II: day 96–164). On
day 165, the ceramic membranes were installed (Phase III), and operation was continued until
day 204.
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The MBRs were continuously aerated by aquarium pumps (Eheim 400), one for each MBR.
Initially, two cylinder shaped aeration stones of length 120 mm were used per MBR (‘Hi-Oxy’,
unknown supplier). These were were replaced on day 63 by two bar-shaped aeration stones of
length 200 mm (SuperFish Air-Stone 200 mm). Starting day 62, the aeration flow rate was set
at 0.5 L O2 min−1 by a gas flow controller, which led to a specific aeration flow (per membrane
surface area) of 0.27 and 0.18 m3 O2 m−2 h−1 for the polymeric and ceramic membranes,
respectively.

Two 60 L blue plastic drums were used for synthetic greywater storage. The greywater tanks
were refilled whenever the level was low, which was usually every other day. Two home-made
mesh filters, consisting of a 1 mm metal mesh screen fitted inside a PVDF tube connector, were
placed on the influent tubing to protect the membranes from any coarse particles. Starting day
19, the influent drums were continuously stirred at 500 rpm using overhead stirrers with 4-
bladed propellers (IKA Eurostar 20). On day 39, the barrels were replaced with one single 120
L blue plastic drum, to save space and provide exactly the same influent to both reactors. Two
peristaltic pumps with each two pumpheads (Watson Marlow 530S with type-313 pumpheads)
were used for influent and effluent. The effluent pump was replaced by two similar pumps on
day 150, to more accurately set the recovery, since the pumpheads could show deviation.

The influent flowrate was set according to the greywater drum storage capacity and the set
recovery. The gross flow rate (Qg) is defined as the instantaneous flow rate measured when
pumping, while the net flow rate (Qn) accounts for relaxation. The fluxes were calculated as
the effluent flow rates divided by the membrane surface area. The hydraulic retention time
(HRT, θH , h) was calculated as the reactor volume (V , L) divided by the net influent flowrate
(Qn, in, L h−1). The solids retention time (SRT, θX , d) was calculated as the reactor volume (V ,
L) divided by the net overflow rate or wastage flowrate (Qn, w), being the difference between
net influent (Qn, in, L d−1) and net effluent (Qn, out , L d−1) flowrates. The greywater entered
the MBR above the water level. The excess was removed through overflow at a constant water
level into a 10 L plastic can to allow for sludge wastage. The recovery was increased during
Phase I when MLSS concentrations were too low. A home-made cycle timer was installed for
the pumps (based on an Omron H3CR-F) on day 13 and set initially at 1 minute of membrane
relaxation and 9 minutes of operation in cycles of 10 minutes (1 min / 10 min). Relaxation was
increased 2 days later to 2 min / 10 min. An overview of the used operational parameters, not
including the bridge period at the end of Phase I, can be found in Table 3.5.

The transmembrane pressure (TMP) was manually monitored using a manometer. Therefore,
measurement time resolution is in the range of a few hours to days. Initially, an analog manome-
ter was used (dry pressure gauge −1 to 0 bar, Mega). Since the resolution of these pressure
gauges was only 20 mbar and the lowest reading was 40 mbar suction pressure, the switch was
made on day 29 to a digital manometer (Dwyer DPGW-00). These digital manometers had
a range of 0 to −1013 mbar, with a resolution of 1 mbar. The transmembrane pressures are
reported as absolute values, i.e., in mbar suction pressure.



CHAPTER 3. MATERIALS AND METHODS 39

Table 3.5: Operational parameters for the three phases. A bridge period of 20 days is present between Phase I and
II for which no operational parameters are known.

Phase I (74 days total) Phase II (68 days) Phase III
Membrane type Polymeric (C-PE) Polymeric (C-PE) Ceramic (SiC)
Surface area (m2) 0.11 0.11 0.165

Duration (days) 13 2 31 7 21 30 38 40
Recovery (%) 95 95 95 80 98.6 90 95 95
Gross flux, Jg (LMH) 7.2 8.0 9.0 6.5 8.1 8.0 7.8 5.2
Net flux, Jn (LMH) 7.2 7.2 7.2 5.2 6.5 6.4 6.2 4.1
Relaxation (min/min) None 1/10 2/10 2/10 2/10 2/10 2/10 2/10
HRT (h) 12 12 12 13.9 13.9 10.24 13.9 13.9
SRT (d) 10 10 10 2.9 41.3 5.3 11.6 11.6

The manometers were installed at the height of the water level, so hydrostatic effects would
cancel out. The reasoning is as follows: suppose the manometer is installed at a certain height
M above the water level, and let x be a variable distance below the water level, Patm = 0 the at-
mospheric pressure and Pm the measured pressure at the manometer (Figure 3.2). The pressure
both inside and outside the membrane can be calculated using the Bernoulli equation simplified
for static liquids (Equation 3.1), since water flow speed inside and outside the membrane are
assumed equal, and the effect of aeration on the pressure is assumed negligible. The transmem-
brane pressure is then given by Equation 3.2, from which it is evident that when M = 0, the
pressure measured at the manometer will equal the transmembrane pressure.
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Figure 3.2: Manometer installation height.

Px,in = (x+M) ·ρ ·g+Pm (3.1)

Px,out = x ·ρ ·g

∆P = Px,in−Px,out (3.2)

= Pm +M ·ρ ·g

One UV reactor was installed per MBR (Xclear UV-C multimax), which is designed for ponds
with a capacity of 7000 L. The maximum design flow of the UV reactor is 3000 L h−1. Low
pressure mercury-vapor (LP-Hg) UV-C lamps with a power rating of 9W and a UV-C output
of 2.3 W were used (Philips TUV PL-S 9W 2P UV-C). Sample ports were installed after the
influent pump, effluent pump, and UV reactor (Figure 3.1). Treated greywater effluent was
disposed of through a connection with the drain.

The membranes were cleaned when membrane suction pressure generally exceeded 100 mbar,
i.e., when manometer readings were below −100 mbar. Cleaning was performed chemically
during Phase I, using a solution of 0.375 g L−1 active chlorine, prepared by adding 1 commer-
cial javel tablet (1.5 g active chlorine per tablet) to 4 L of tap water. During Phase II, only
manual cleaning was performed by gently wiping the sludge cake layer from the membrane
surface by hand. All cleaning for Phases I and II occurred ex-situ. For the ceramic membranes
(Phase III), no cleaning was necessary.



40 3.3. Analysis methods

3.3 Analysis methods

3.3.1 Sampling procedure
Samples were taken three times per week on Monday, Wednesday and Friday. Each sampling
day, 50 mL of influent, effluent (after UV), and the MLSS was sampled using falcon tubes. For
the influent and effluent, additional 30 mL samples were taken to analyse turbidity, conductiv-
ity, UV254, and carbon fractions (total, total organic, and inorganic) at PaInT (UGhent). The
samples were stored at 4°C until further analysis. Pump flows were monitored during sampling
in Phase I and II. If large deviations from the operational settings were observed, the pump tub-
ing was replaced and the pumps were recalibrated. During Phase III, pumps were consistently
recalibrated during sampling to obtain more constant and precise flow rates. Before sampling,
the reactors were stirred using a long pole to resuspend settled sludge.

3.3.2 Sample analysis
The samples were analysed weekly. Turbidity, conductivity and UV254 were analysed in
batches per month, and carbon was analysed in batches of 3 months. Temperature and pH
were measured on the day of sampling. The pH was measured for influent, reactor and effluent
samples using a 744 pH meter (Metrohm) calibrated for pH 7–10. The pH probe used was a
Unitrode combined pH electrode with integrated Pt1000 temperature sensor and a 3 M KCl
reference electrode (Metrohm).

Turbidity and conductivity was measured for influent and effluent, using a HI 98713 ISO
portable turbidity meter (Hanna Instruments) and a C3020 multi-parameter analyser (Consort),
respectively. UV-absorbing organic constituents were measured for influent and effluent at 254
nm using a UV-1600PC spectrophotometer (VWR) and a quartz cuvette (path length 1 cm)
zeroed with distilled water, following Standards Method 5910 [American Public Health Asso-
ciation et al., 2017]. For the influent, the samples were filtered through 0.45 µm polyamide
filters (Chromafil Xtra) to exclude turbidity effects on absorbance [APHA, 2017]. Correlations
were determined between UV254 absorption, TOC, and COD, but these correlations are specific
to the greywater studied and are not comparable with other wastewaters [APHA, 2017]. Total
carbon, total organic carbon and inorganic carbon samples were prepared for analysis by using
glass vials and stored at 4°C until analysed using a TOC-5000 total organic carbon analyser
(Shimadzu Corp.) and processed according to Standard Method 5310 [APHA, 2017].

Total nitrogen and (s)COD were determined using nanocolor tube tests (Macherey-Nagel). For
the influent and effluent, TN was measured using the TNb 220 and TNb 22 test kits, respec-
tively. The COD of the influent samples was determined using COD 1500 test kits, while
for the effluent COD 160 and later COD 40 test kits were used. Soluble COD measurements
were performed for influent and reactor samples by filtering through 0.45 µm polyamide filters
(Chromafil Xtra) and analysed using the COD 1500 and 160 test kits, respectively. The test
tubes were digested using either a HC 6040 digestor (WPA), a COD reactor 16500 (Hach), or
nanocolor vario 4 (Macherey-Nagel) and determined using a nanocolor 500 D spectrophotome-
ter (Macherey-Nagel).
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TSS and VSS (MLSS and MLVSS for the reactors) measurements were performed accord-
ing to Standard Methods 2540D and E, by filtering a 10 mL sample over a glass fibre filter
and weighing the mass difference of the filter after drying for 2 hours at 105°C for TSS and
incinerating for 1.5 hours at 550°C for VSS [APHA, 2017]. Since the scales on which the
measurements were performed showed fluctuation, a limit of quantification (LOQ) was deter-
mined by weighing 10 blank samples before and after the complete method procedure. The
average mass difference was determined to be 0.06 mg, with a standard deviation of 0.25 mg.
The method’s limit of detection was defined as the average with 10 standard deviations added,
which is 3 mg. Therefore, when filtering 10 mL samples, the minimum quantifiable amount of
TSS or VSS is 0.3 g L−1. For the MLSS and MLVSS of the reactors, 3 replicates were anal-
ysed per sample. For the TSS and VSS measurements of the effluent after membrane filtration,
265.05 mL was filtered for a LOQ of 0.01 g L−1.

The cations (Na+, NH4
+, K+, Ca2+, Mg2+)andanions(Cl– , NO2

– , NO3
– , PO4

3 – , SO4
2 – ) were

analysed using ion chromatography (IC). The samples were filtered through 0.20 µm PVDF
filters (Chromafil Xtra), diluted 1:2 with deionized water (Milli-Q), and stored at 4°C until
further analysis by the technical staff. For the cations, an IC 761 chromatograph (Metrohm)
was used, with a LOQ of 0.2 mg L−1 for all cations, including the dilution factor. For the
anions, this was a Compact IC Flex 930 (Metrohm) with a LOQ of 0.1 mg L−1 for all anions.

If sample results are given by a mean and standard deviation (x̄±σ ), this means that the nor-
mality was checked using both a quantile-quantile (Q-Q) plot and the Shapiro-Wilk test for
normality. In some cases, the Shapiro-Wilk test was negative for normality, while the Q-Q plot
showed clear indication of normality, except outliers. In that case, normality was assumed.
When the data was not normally distributed, a range and mean, i.e., min – max (x̄) are given.
When stating statistical significance, a p-value will be given. For the correlations, a pearson
correlation ρ and p-value for significance is given. For linear models (linear regression), a
residual analysis was done to check for normality, linearity, and homoscedasticity by plotting
the residuals versus the fitted values and a Q-Q plot of the residuals. All statistical analyses
were made on a 5% significance level using RStudio.

3.4 Process kinetics
All calculations for kinetics will be based on the book of Rittmann [2001]. The mixed liquor
volatile suspended solids (MLVSS) was assumed to be representative of the active biomass.
The flows used were the net flows, accounting for relaxation. The sludge loading rate (SLR,
BX ) in kg COD kg−1 MLVSS d−1 and volumetric loading rate (VLR, BV ) in kg COD m−3 d−1

can be calculated using the following equations:

SLR = BX =
S0 ·Qin

X
(3.3)

V LR = BV =
S0 ·Qin

V
, (3.4)

with S0 the influent COD concentration (kg L−1), Qin the influent flow rate (L d−1), X the
sludge concentration (kg MLVSS L−1), and V the reactor volume (m3). The calculations for
kinetic parameters were performed for each data point and averaged to obtain an average pa-
rameter. These average parameters were then used in further calculations.
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The sludge specific growth rate (µ) in d−1 can be calculated by

µ =
1

X(t)
dX(t)

dt
=

1
X

X(t)−X(t−∆t)+X ·Qw ·∆t/V
∆t

, (3.5)

with X(t) the sludge concentration (g MLVSS L−1) at time t, X the average sludge concen-
tration between time t and the previous sample t−∆t, Qw the average sludge wastage (L d−1)
between t and t−∆t, V the reactor volume (L), and ∆t the time step (d). The first part of the nu-
merator (X(t)−X(t−∆t)) is the sludge growth that can be observed through measurements of
reactor MLVSS. The second part, X ·Qw ·∆t/V , represents the sludge growth that is removed
through sludge wastage, i.e., the average amount of sludge removed (X ·Qw ·∆t) that would
have been in a reactor volume V otherwise. The sludge growth rate is a measure for the solids
retention time θX , since θX is the inverse of µ . The net sludge growth yield (Yn,COD), being the
mass of cell dry weight (MLVSS) grown per mass of consumed substrate (COD), incorporating
sludge decay, can be calculated using

Yn,COD =
V ·X ·µ

(S0−S) ·Qin
, (3.6)

with Qin the net influent flow rate (L d−1) and (S0−S) the average COD removal between time
t and t−∆t (g COD L−1), since S0 and S are the influent and effluent substrate concentrations
(g COD L−1), respectively. The numerator represents the amount of sludge grown per day (g
MLVSS d−1), while the denominator is given by the amount of substrate removed per day (g
COD d−1). Substituting Equation 3.5 yields

Yn,COD =
V · (X(t)−X(t−∆t))+X ·Qw ·∆t

(S0−S) ·Qin ·∆t
. (3.7)

If the yield (YCOD) would be known, the amount of nitrogen removed through microbial uptake
and immobilisation in the cell biomass (Nimmob, g d−1) can be calculated using

Nimmob = (S0−S) ·Qin ·YCOD ·0.08
g N

g biomass
, (3.8)

About 0.08 g nitrogen is required for every g of biomass grown [Rittmann, 2001]. Nimmob can
be calculated in another way when the amount of sludge removed (∆X , g d−1) is known, by
using

Nimmob = 0.08
g N

g biomass
·∆X = 0.08

g N
g biomass

·X ·Qw. (3.9)

From Equations 3.8 and 3.9, the yield can be inferred. The yield and net yield are related
through Equation 3.10, where b is the biomass decay rate (d−1) and q is the specific substrate
removal rate (g COD g−1 MLVSS d−1). The decay rate b is the only unknown variable and can
therefore be calculated.

Yn,COD = YCOD−
b
q
= YCOD−b ·

(
(S0−S) ·Qin

X

)−1

(3.10)
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The expected biomass concentration can then be calculated using Equation 3.11, while the
required reactor volume for a desired sludge concentration can be calculated by using Equation
3.12, with t the ratio of HRT to SRT (θH/θX ).

Xexpected =
YCOD ·Qin · (S0−S)

(1+b ·θX) · t
(3.11)

Vrequired =
YCOD ·QinθX · (S0−S)

Xdesired · (1+b ·θX)
(3.12)

3.5 Disinfection assessment methodology

3.5.1 E. coli removal efficiency

To assess disinfection performance, a known concentration of E. coli LMG 8063 (ATCC 8739)
was spiked to the synthetic greywater influent. Three spike test were performed: two on the
polymeric membranes during part two of Phase II and one for the ceramic membranes, UV, and
electrochemical cell (EC) of Driesen [2021] during Phase III (Table 3.5). The total chlorine
concentration for the EC was 0.77 mg Cl2 L−1, determined with Standard Methods 4500-Cl G
[APHA, 2017] using a Lightwave II UV-vis Spectrophotometer (Biochrom WPA).

For the first spike test on the polymeric membranes, MacConkey agar was used based on Stan-
dard Method 9222 B [APHA, 2017]. Standard Method 9222 B is a standard total coliform
procedure using, in this case, MacConkey agar. A spread plate method was used contrary to
the membrane filter method of Standard Method 9222 B, by adding 100 µL of sample and
spreading. The influent was spiked to a concentration of 108 CFU 100 mL−1 E. coli as total
coliforms (Table 1.3). Total coliform counts for the influent and effluent were determined, for
both blank and spiked influent.

The second spike test was used to compare three different methods (on MacConkey, m-FC
and CCA agars) for their efficacy of E. coli strain LMG 8063 detection. These methods are the
Standard Methods 9222 B and D, and the ISO 9308–1:2014 method [APHA, 2017; ISO, 2014].
Standard Method 9222 D is a membrane filter method for thermotolerant (faecal) coliforms
using m-FC agar. The ISO 9308–1:2014 method is based on membrane filtration using coliform
chromogenic agar (CCA). All three methods were adapted as spread plate methods, by adding
20 µL sample to the respective agar plate and spreading. Total coliform counts for the influent,
effluent and effluent after disinfection were determined, with an influent spike of 108 CFU 100
mL−1. Two duplicates were used per MBR per sample point (four in total per sample point).
No blanks were analysed.

The third spike test on ceramic membranes, UV, and EC was performed using CCA. The spike
was performed as before for the second spike test for the polymeric membranes, but no du-
plicates were taken per MBR. Separate spikes were performed for the UV and EC using the
unspiked effluent. For the UV, additional spike solutions of 104, 108, and 1010 CFU 100 mL−1

were prepared. For the UV and EC samples, 10 and 100 mL were filtered according to the ISO
9308–1:2014 method using sterile membrane filters with a 0.45 µm pore size (Millipore S-Pak)
and a stainless steel filter holder (Microsart Manifold) disinfected with EtOH and rinsed with a
phosphate buffered saline solution (PBS).
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All operations (e.g., media preparation and plating) were performed using standard sterile mi-
crobial techniques. The selected E.coli strain was inoculated on MacConkey agar to obtain
a pure culture plate, incubated for 24 hours at 37°C, and stored at 4°C until further use. A
single isolated colony from the pure culture plate was used to inoculate casein peptone and
soybean flour peptone broth (CASO broth) in two steps, starting at 10 mL CASO broth in a
falcon tube. Fully grown CASO broth was determined to contain 3.27·1011 CFU 100 mL−1 of
E. coli. Therefore, to obtain approximately 108 CFU 100 mL−1 of E. coli as total coliforms in
120 L synthetic greywater (Section 3.2), a final volume of 40 mL CASO broth is needed after
the second growth step. For both steps, the CASO broth was allowed to incubate overnight
at 37°C in a shaker. When the media was fully grown, the falcon tubes were centrifuged at
1500 rcf (relative centrifugal force) for 5 minutes using an Eppendorf centrifuge 5430. The
obtained pellets were subjected to three washing steps using PBS, followed by vortexing and
centrifugation. The final E. coli solution was stored at 4°C until further use.

The falcon tubes containing E. coli were added to a full 120 L greywater drum. The samples
were taken 1 HRT later for the first spike test and 1.5 HRT later for the latter two spike tests
(Section 3.2). For all samples of the influent, effluent, and effluent after disinfection, 2 to
4 dilutions were prepared in microwell plates using PBS as diluent, with the dilution factor
dependent on the expected E. coli concentrations. Plating was performed as described above.
The MacConkey and CCA agar were incubated for 24 hours at 37°C, and the m-FC for 24
hours at 44.5°C. The measured plate counts were used to calculate E. coli concentrations, and
LRV were calculated using Equation 1.1.

3.5.2 UV reactor characterization

3.5.2.1 UV reactor residence time

The theoretical residence time (τ), being the HRT of the UV reactor, can be determined by
dividing the reactor volume by the flow rate. The UV reactor volume was determined by
filling both UV reactors twice (4 measurements), measuring the reactor volume by pouring
its contents in a measuring cylinder, and taking the average. However, since the HRT does
not represent the actual exposure time to UV irradiation, the mean residence time (τm) was
determined following the book of Fogler [2016]. When applying a step input of a tracer with
measurable properties (e.g., concentration, fluorescence, conductivity), the outlet measurement
will follow the cumulative residence time distribution (RTD) F(t). As the conductivity will be
measured by using a salt solution, the cumulative RTD is given by:

F(t) =
κ(t)∫
∞

0 κ(t)
=

κ(t)
κ0

, (3.13)

with κ(t) the outlet tracer conductivity at time t and κ0 the maximum tracer conductivity, which
is equal to the tracer conductivity at the inlet. A salt solution of 100 mS cm−1 was prepared
by dissolving 10.83 g NaCl in demineralized water (κ = 0.24 µS cm−1). Conductivity was
measured using a HI edge equipped with a HI/63100 conductivity probe (Hanna Instruments).
For the step tracer experiment, the UV reactor was filled with demineralized water (Milli-Q)
and a flow rate of 14.25 mL min−1 was used. Each 4 mL eluted from the system, with a total
of 372 mL, was sampled in a glass test tube and measured for conductivity.
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Derivation of the cumulative RTD F(t) yields the residence time distribution function

E(t) =
dF(t)

dt
(3.14)

As the derivative is very sensitive to small errors in the conductivity measurements, a moving
average was calculated with a window size of 3. The moving average is given by

κavg(t) =
κt−1 +2κt +κt+1

4
, (3.15)

With t indicating the relevant 4 mL sample, t−1 the previous sample and t+1 the next sample.
The RTD function E(t) can provide insight in the type of flow regime, e.g., plug flow, continu-
ously stirred-tank reactor behaviour, dead volumes, and bypasses. The mean residence time τm
is given by

τm =

∫
∞

0 t ·E(t)dt∫
∞

0 E(t)dt
=
∫

∞

0
t ·E(t)dt, (3.16)

which can provide further insights in the reactor flow regime when comparing to the theoretical
residence time τ .

3.5.2.2 UV dose determination

The dose determination was performed by iodide-iodate actinometry [Müller et al., 2014; Rahn,
1997; Rahn et al., 2003]. When exposed to UV254 irradiation, triiodide is formed in the follow-
ing reaction:

8I−+ IO3
−+3H2O+

hν (UV254)−−−−−−→ 3(I3)
−+6OH−. (3.17)

A solution of iodide–iodate consisting of 0.6 M KI, 0.1 M KIO3 and 0.01 M borax (Na2B4O7 ·
10H2O) was prepared by dissolving 49.7990 g KI, 10.6997 g KIO3 and 1.9069 g borax in
500 mL demineralized water (Milli-Q), using a volumetric flask. The prepared iodide-iodate
solution was measured before irradiation at a wavelength of 300 nm using a UV-1600PC spec-
trophotometer (VWR) and a quartz cuvette with path length of 1 cm. This gives an additional
measure of the iodide concentration, using

cKI =
1.061 M

A300
, (3.18)

with cKI the concentration of potassium iodate in the solution (M), and A300 the absorbance at
300 nm (unitless). The UV reactor was pre-rinsed with demineralized water and the actino-
metric solution was pumped through the reactor at a flow rate of 14.25 mL min−1, which is
the same as for the residence time determination. The irradiated solution was sampled after
1.5 τm (Subsection 3.5.2.1), to ensure adequate mixing and steady-state. The UV254 dose on a
volumetric basis Dv (J L−1) can be calculated by measuring the absorbance of the solution at
352 nm before and after irradiation in the UV reactor, using Equation 3.19. The UV dose is
traditionally expressed in J cm−2, which can be calculated from the volumetric dose (Dv) using
Equation 3.20.
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Dv =
E254 ·∆A352

l · ε ·Φ
(3.19)

D = I · τm =
Dv ·VUV reactor

Asur f ace
(3.20)

With Dv the volumetric UV dose (J L−1), D the UV dose (J cm−2), E254 the photon energy at
254 nm (J einstein−1, ∆A352 the absorbance difference at 352 nm before and after radiation, l
the cuvette path length (cm), ε the molar absorption coefficient for the iodide-iodate solution
(M−1 cm−1), Φ the quantum yield for the iodide-iodate solution (mol Einstein−1), I the lamp
radiation intensity (mW cm−2), τm the mean residence time (s), VUV reactor the reactor volume
(L), and Asur f ace the urface area exposed to UV radiation (cm2).

The photon energy at 254 nm (E254) can be determined using the Planck-Einstein relation
(Equation 3.21), with the speed of light c being 3·108 m s−1, and Planck’s constant h being
6.6262·10−34 J s [French and Taylor, 1978]. For a wavelength λ of 254 nm (2.54·10−7 m),
the photon energy E254 will be 7.83·10−19 J. Expressed per moles of photons (einsteins), this
becomes 4.71·105 J einstein−1.

Eλ = hν =
hc
λ

(3.21)

The reactor volume (Vreactor) and mean residence time (τm) were determined as described in
Subsection 3.5.2.1. A cylindrical shape of the lamp casing was assumed to calculate the ex-
posed surface area Asur f ace. Both the area of the lower base and the mantle of the cylinder up
to the water level were included.

The molar absorption coefficient ε for a iodide-iodate solution containing 0.6 M KI was deter-
mined to be 27600 M−1 cm−1 by Rahn et al. [2003]. The quantum yield Φ, being the moles
of triiodide formed per moles of photons absorbed (einsteins), is 0.75 at a KI concentration of
0.577 M and a temperature of 20.7°C [Rahn, 1997]. To correct for different concentrations and
temperatures, Equation 3.22 can be used, for which the KI concentration (cKI) was determined
as described above, and the average temperature measurement (Tavg) between the sample before
and after irradiation was used.

Φ = 0.75(1+0.02(Tavg−20.7))(1+0.23(cKI−0.577)) (3.22)

Furthermore, the lamp intensity I was estimated using both Equation 3.20 and by dividing the
lamp power output at 254 nm by the estimated surface area. Transmission effects of the lamp
casing or reflection effects of the aluminium reactor lining were not accounted for.



4 Results
4.1 Synthetic greywater characterization

The synthetic greywater was characterized to validate the correctness of using it as a substitute
for real GW. The composition of fresh GW and of the influent after storage in the 120 L drum
can be found in Table 4.1. Both total nitrogen (TN) and the chemical oxygen demand (COD)
of the synthetic greywater prepared with demineralized water (Milli-Q) were close to the cal-
culated values in Table 3.1. The tap water used only added a small amount of COD (1.2%), but
the TN contribution was more significant (12.7%).

The tap water was a major contributor of K+, Ca2+, Mg2+, NO3
– -N, and SO4

3 – to the (ex-
pected) fresh greywater composition. Na+ and Cl– were mainly provided by the chemical
compounds added in the synthetic GW, since they can be found in the majority of the added
salts as counterions. Ammonium was provided almost exclusively through the addition of
NH4Cl. It is important to note that no PO4

3 – was detected in both the fresh GW (Milli-Q) and
the tap water (<0.1 mg L−1), despite 1.6 mg L−1 being added through K2HPO4. It is possible
that the phosphate was precipitated by organics or other chemicals present in the detergents and
subsequently filtered when preparing the samples for IC analysis (Subsection 1.3.1).

When comparing the measured influent composition after storage in the 120 L drum with the
expected concentrations, it is clear that the total COD (tCOD) of the influent was significantly
lower than 516 (p < 2.2·10−16), which indicates that degradation was already occurring (Sub-
section 1.3.1). Furthermore, K+, Ca2+, and NH4

+-N differ significantly from the expected
values (p < 2.2·10−16), while the TN does not (p = 0.3). The nitrogen was mainly present as
organic nitrogen (TN − all other species) and ammonium, since NO3

– -N and NO2
– -N are

on average only 0.2 and 0.3 mg L−1, respectively. Phosphate was, again, not detected in the
influent, except in 10 out of 109 measurements.

Table 4.1: Characteristics of fresh greywater and influent. The fresh GW (Tap) represents the sum of the first two
columns, i.e., the expected influent concentrations. All values in mg L−1, except pH.

Fresh GW (Milli-Q) Tap Water Fresh GW (Tap) Influent

pH 8.5 8.07 8.2 ± 0.3

COD 510 6 516 395 ± 83
TN 22 3.2 25.2 25 ± 3
NH4

+-N 20.8 <0.2 20.8 16 ± 2
NO2

– -N <0.03 <0.03 <0.03 <0.03 – 1.3 (0.3)
NO3

– -N 0.4 5.7 6.1 <0.02 – 2.2 (0.2)
PO4

3 – <0.1 <0.1 <0.1 <0.1 – 6.1 (0.6)

Na+ 175.1 54.0 229.1 185.6 – 282.2 (220.3)
K+ 2.7 7.3 10.0 4.9 – 10.1 (6.9)
Ca2+ 18.7 121.2 139.8 57.8 – 116.2 (79.4)
Mg2+ 0.5 12.6 13.1 5.1 – 11.7 (8.0)
Cl– 109.8 67.4 177.1 132.0 – 219.6 (167.4)
SO4

2 – 46.3 93.6 139.8 23.3 – 140.2 (90.5)

47
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The suspended solids content of the influent was measured on day 157 (Phase II). The TSS and
VSS concentrations were 0.67 and 0.27 g L−1, respectively, which is another indication of pre-
cipitation, since only powders and liquids were used to prepare the synthetic GW. Furthermore,
the turbidity of the influent increased for the entire duration of the experiment (Figure 4.1).
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Figure 4.1: Turbidity of the influent during all three phases. NTU: nephelometric turbidity units.

There are clear trends for the influent, which voided the normality assumption so no mean
and standard deviation could be given in Table 4.1. Sodium and chloride concentrations were
lower (p both < 1·10−15) in Phase II and III compared to Phase I. Calcium concentrations were
significantly lower (p <2.2·10−16) during Phase II compared to Phase I and III. Magnesium,
sulphate, and potassium concentrations decreased continuously over time in the ranges given
in Table 4.1. Soluble COD (sCOD) was measured for the influent, which was also lower (p
= 5·10−10) in Phase II and III (194±76 mg L−1) compared to Phase I (293±40 mg L−1) and
overall lower than the influent tCOD, although the tCOD showed large variation.

Significant correlations between the turbidity and sodium (p = 1·10−4), potassium (p = 2·10−5),
calcium (p = 3·10−3), magnesium (p = 4·10−12), and sulphate (p = 1·10−13) concentrations
were found, but no significant correlations for sCOD and NH4

+ (p > 0.05). It is not clear
exactly which salts or organics were precipitating to cause the observed differences and trends
of sCOD, ammonium, and aforementioned ions since, e.g., magnesium and sulphate have the
highest correlation with turbidity, but magnesium sulphite is very soluble in water. However,
anoxic conditions prevailed in the influent drum during Phases II and III, which was observed
by the slightly noticeable smell of H2S. Therefore, different speciation may occur compared to
fresh influent, which influences precipitation behaviour.

A comparison between the synthetic GW and real mixed GW can be found in Table 4.2, with the
values for mixed GW taken from literature (Table 1.2). All values were situated approximately
in the reported ranges, with high concentrations for pH, NH4

+-N, and especially Cl– .
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.

Table 4.2: Comparison between the synthetic greywater used in this study and real mixed greywater compiled
from literature.

Parameter This study Mixed GWa

pH 7.41 – 8.72 (8.16) 4.9 – 8.41
κ (µS cm−1) 1091 – 1730 (1280) 331 – 2530
Turbidity (NTU) 3.12 – 272 (66.2) 29 – 559

tCOD (mg L−1) 225 – 623 (395) 41.0 – 1595
sCOD (mg L−1) 100 – 389 (231) 86 – 289
BOD5 (mg L−1) 17.7 – 394
TOC (mg L−1) 11.7 – 117 (50.0) 15.0 – 160.4
TC (mg L−1) 87.8 – 193 (146)
IC (mg L−1) 62.0 – 143 (96.5)

TN (mg L−1) 19 – 36 (25) 1.3 – 63
TKN (mg L−1) 2.6 – 32
NH4

+-N (mg L−1) 9.4 – 22.1 (16.2) 0.1 – 22
NO2

– -N (mg L−1) <0.03 – 1.3 (0.3)
NO3

– -N (mg L−1) <0.02 – 2.2 (0.2) 0 – 12.32

TP (mg L−1) 1 – 12.1
PO4

3 – -P (mg L−1) <0.03 – 1.4 (0.1) 0.0 – 6.7

TSS (mg L−1) 670 9.2 – 744
VSS (mg L−1) 270 9.2 – 149.8

Na+ (mg L−1) 185.6 – 282.2 (220.3) 52 – 420
Ca2

+ (mg L−1) 57.8 – 116.2 (79.4) 9 – 437.61
Mg2

+ (mg L−1) 5.1 – 11.7 (8.0) 3 – 140.01
K+ (mg L−1) 4.9 – 10.1 (6.9) 0 – 22
Cl– (mg L−1) 132.0 – 219.6 (167.3) 18 – 50
a Abdel-Shafy and Al-Sulaiman [2014]; Atanasova et al. [2017]; Fountoulakis et al. [2016];
Hernández Leal et al. [2010]; Hocaoglu et al. [2013]; Hourlier et al. [2010]; Jabornig and
Favero [2013]; Jabornig and Podmirseg [2015]; Masi et al. [2016]; Oteng-Peprah et al.
[2018]; Ramprasad et al. [2017]
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4.2 Phase I: troubleshooting and optimization
As mentioned before, Phase I of reactor operation with the polymeric membranes is charac-
terized by heavy optimization and problems with the mixed liquor suspended solids (MLSS)
quality and quantity (Subsection 3.2). Therefore, Phase I will be discussed separately, while
the comparison between polymeric and ceramic membranes will be based on Phases II and III.

4.2.1 Sludge related problems

Both reactors were inoculated at 1 g MLSS L−1. During the first 15 days, 5 overflow events oc-
curred in MBR 1, i.e., the effluent flow rate was too low, causing excessive overflow and sludge
loss of often more than half the MLSS content (Figures 4.2a and B.6). If this occurred, both
reactor contents were mixed, causing a decrease in MBR 2 MLSS as well. The cause of the
overflow events was an airstone in MBR 1 that was broken, which only caused air bubbling in
one location of the stone, and none for the second stone.Thus, membrane air scouring was not
sufficient, which caused higher transmembrane pressures. The tubing connections of the efflu-
ent were initially not air-tight, leading to air intrusion at higher pressures, loss of effluent flow
rate and excessive overflow. This excessive overflow lowered MLSS concentrations, leading to
dispersed growth (fine sludge particles) since only the fastest growing micro-organisms could
persist, which are not necessarily good floc-formers [Rittmann, 2001]. This in turn caused even
higher transmembrane pressures (Figure 4.3).
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Figure 4.2: MLSS (a) and MLVSS (b) content of the MBRs during Phase I.

Tightening the connections and introducing a relaxation regime caused sludge concentrations
to increase to about 1.6 g MLSS L−1 and pressures to normalize after day 15. However, the
MLSS content was still lower than that of an activated sludge system (generally 4 g MLSS
L−1), and especially low for MBRs (Rittmann [2001] and Table 1.6). The ratio of mixed liquid
volatile suspended solids (MLVSS) to MLSS was sufficiently high (>0.8). After stabilisation,
the calculated sludge and volumetric loading rates (SLR and VLR) using Equations 3.3 and
3.4 were 0.5±0.1 kg COD kg−1 MLVSS d−1 and 0.7±0.1 kg COD kg−1 MLVSS d−1, respec-
tively. Since the SLR and VLR for typical activated sludge (AS) treatment of raw domestic
wastewater are usually around 0.25 kg bCOD kg−1 MLVSS d−1 and 1 kg bCOD kg−1 MLVSS
d−1 [Rittmann, 2001], the reactor biomass does not seem limited in terms of substrate in such
a way that the MLSS would be expected lower than that of a typical AS system. It should
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be noted that the biodegradable fraction of the COD (bCOD) is not known for this synthetic
greywater. However, since the majority of the COD is provided by acetate (60%), the fraction
biodegradable COD (Fb, bCOD/COD) is expected to be very high. Even with an Fb of 0.6, the
biomass would not be more substrate limited than in an AS system.

The COD:TN:P ratio of the influent for all three phases was 100:4.9:0.3–100:10.5:0.7 (100:6.3:
0.4), with the values for phosphorus assumed to be the added phosphate in the synthetic grey-
water, not accounting for precipitation. However, additional phosphorus is added with the
detergents as, e.g., phosphonates in the dishwasher tablets and liquid laundry detergent. If the
phosphate precipitate in the influent is bioavailable, there is no immediate indication of nutrient
deficiency.
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Figure 4.3: Transmembrane pressures (TMP) during Phase I. The pressures at the beginning of the pumping cycle
were measured at the end of relaxation, while the pressures at the end of the pumping cycle were measured just
before relaxation.

During the stable operation (Day 15–46), sludge bulking was observed, which was later found
to be caused by excessive aeration. There was no effect on membrane performance. Towards
the end of Phase I, the recovery was accidentally set to 80%. This caused a very low sludge
retention time of 2.9 days and excessive sludge wastage. Combined with the excessive aera-
tion, this led again to the formation of dispersed growth, i.e., weak, small flocs with a turbid
supernatant, which caused a dramatic increase in transmembrane pressures (Figures 4.3 and
B.7). By consequence, the membranes needed to be cleaned nearly every other day. The tur-
bid supernatant was removed (wash-out of non-flocculating cells), the recovery was increased
to 98.6%, and the dissolved oxygen concentration was lowered from 9.77 to 2.75 mg O2 L−1

whilst still ensuring sufficient air scouring of the membranes. Nevertheless, no improvement of
membrane performance and sludge characteristics was observed, which led to the reinoculation
of the reactors at the start of Phase II.
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4.2.2 Treatment performance
The effluent characteristics and removal efficiencies of both MBRs can be found in Table 4.3.
High average removal efficiencies for tCOD (92.4%), turbidity (96.3%), and TOC (91.9%)
were observed. No significant conductivity or ion concentration shifts occurred besides nitro-
gen species. Total nitrogen removal was limited to 34.9% on average, while ammonium was
mainly removed (77.7%) through nitrification. A comparison between the reactor performances
for polymeric and ceramic membranes is more meaningful when reactor operation is more sta-
ble and on the same sludge inoculum. Therefore, a more in-depth analysis will be made on the
treatment performance results of Phases II and III.

Table 4.3: Treatment performance of both MBRs during Phase I. All values are in mg L−1, except pH, the con-
ductivity κ (µS cm−1), and the turbidity (NTU).

Parameter Influent (Phase I) Effluent (Phase I) Removal efficiency (%)

pH 7.41 – 8.56 (8.15) 7.20 – 8.66 (8.08)
κ 1123 – 1549 (1353) 849 – 1455 (1311)
Turbidity 3.12 – 73.7 (30.9) 0.26 – 1.28 (0.57) 83.5 – 99.5 (96.3)

tCOD 225 – 502 (384) 15 – 92 (29) 79.0 – 96.6 (92.4)
TOC 16.6 – 117 (52.8) 0.0 – 26.8 (3.0) 7.4 – 100 (91.9)
TC 87.8 – 186 (146) 44.6 – 112 (83.3) 3.7 – 64.0 (42.0)
IC 67.2 – 114 (93.3) 42.7 – 109 (80.4) −2.4 – 54.4 (13.5)

TN 20 – 31 (24) 5 – 20.6 (15.7) 0.0 – 77 (35)
NH4

+-N 9.4 – 20.7 (17.0) <0.2 – 17.9 (3.7) −27.9 – 99.2 (77.7)
NO2

– -N <0.03 – 1.1 (0.2) <0.03 – 2.5 (0.5)
NO3

– -N <0.02 – 2.2 (0.2) <0.02 – 19.1 (8.8)
PO4

3 – <0.1 – 6.1 (0.3) <0.1 – 1.6 (0.1)

Na+ 192.0 – 282.2 (236.1) 97.3 – 287.1 (231.9)
Ca2

+ 74.8 – 99.6 (84.5) 74.1 – 98.8 (85.2)
Mg2

+ 8.6 – 11.7 (10.0) 9.0 – 11.5 (10.1)
K+ 6.4 – 9.0 (7.6) 6.1 – 14.1 (8.1)
Cl– 157.8 – 219.6 (187.0) 101.3 – 214.7 (182.6)
SO4

3 – 60.8 – 140.2 (119.3) 78.2 – 143.6 (125.0)
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4.3 Phase II and III: polymeric and ceramic membrane test-
ing

Phase II and III were characterized by a more stable operation in terms of transmembrane
pressures and the installation of the ceramic membranes on day 165, starting Phase III. All
comparisons between the two membrane types will be based on these results. Since MBR 1
was the most stable, only the treatment performance results of this reactor will be shown in
figures, although both reactors showed no noticeable differences for treatment performance,
except a difference in trends for TOC and IC (Subsection 4.3.3). The reason for this is to
declutter the figures both in contents and quantity of figures.

4.3.1 Sludge characteristics during operation and kinetics
After reinoculation on day 96, the MBRs maintained a higher MLSS content of about 2.25 to 3
g MLSS L−1 (Figure 4.4a). However, MBR 2 showed a decrease in sludge concentration. This
was caused by differences in flow rates and was usually fixed by replacing the pump tubing.
However, the pump tubing flow rate degrades over the course of two weeks in the order of about
0.08 mL min−1 d−1, and the pump heads themselves could differ 0.3 mL min−1. Therefore, two
effluent pumps were installed on day 165, the two reactors were mixed, and pump recalibration
was performed on every sampling day since.

The calculated SLR and VLR were 0.3±0.1 kg COD kg−1 MLVSS d−1 and 0.7±0.2 kg COD
m−3 d−1, respectively. The lower SLR is caused by an increase in MLVSS concentration
relative to Phase I. Therefore, the SLR is now closer to that of a conventional AS system
[Rittmann, 2001]. Between day 184 and 186 (weekend), the influent mesh filter of MBR 1 was
clogged. The reactor content of MBR 1 decreased to 2 L, since no influent was provided and
the membranes remained operational. The 2 MBRs were mixed and refilled with overflow from
the 10 L plastic overflow vessel, which caused an increase in sludge concentration to about 3
to 3.75 g MLSS L−1 (Figure 4.4a). This increase was temporary, since the increase in MLVSS
content caused a significant decrease in SLR (p = 2·10−5) to a value of 0.23±0.04 kg COD
kg−1 MLVSS d−1, limiting sludge growth.
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Figure 4.4: MLSS (a) and MLVSS (b) content of the MBRs during Phase II and III. The ceramic membranes were
installed on day 165, indicated by the vertical line.
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The sludge specific growth rate µ was calculated for MBR 1 using Equation 3.5, since the
effluent flow rate and thereby sludge overflow was not accurate for MBR 2 during Phase II.
The two data points when the overflow was added back into the reactor were not taken into
account. The average sludge growth rate was calculated to be 0.086 d−1, which relates to a
sludge retention time of 11.6 days (µ = θ−1

x ). This is equal to the setpoint of 11.6 days (Table
3.5). Indeed, at steady state without inhibition, X(t) will equal X(∆t) on average, so Equation
3.5 reduces itself to the inverse of the definition of the sludge retention time. The net sludge
growth yield (Yn,COD) was calculated using Equation 3.7 and was found to be on average 0.34
g MLVSS g−1 COD, which is in line with typical growth yields of AS [Rittmann, 2001]. The
nitrogen removal through immobilization was estimated using Equation 3.9 to be 0.20 g N
d−1. The growth yield (YCOD) was inferred using Equation 3.8 and was found to be 0.38 g
MLVSS g−1 COD. The average specific substrate removal rate q was 2.7 g COD g−1 MLVSS
d−1 (Equation 3.10). The biomass decay coefficient b is then 0.02 d−1, which is relatively low
[Rittmann, 2001], providing no indication of excessive die-off due to the detergents in the GW.

The expected sludge concentration computed using Equation 3.11 was on average 2.43 g
MLVSS L−1, which corresponds to roughly 2.9 g MLSS L−1 (Figure 4.4b) and is close to the
observed values (Figure 4.4a). Should a sludge concentration of 4 g MLSS L−1 (AS, Rittmann
[2001]) or 12 g MLSS L−1 (MBR, Judd [2011]; Park et al. [2015]) be ideal, reactor volumes
of respectively 5.2 L and 1.7 L would be feasible compared to the reactor volume of 10 L used
for the experiments (Equation 3.12). This would give rise to respective HRTs of 7.2 and 2.4
hours, which would still be sufficient to ensure adequate treatment performance [Judd, 2011;
Park et al., 2015].

4.3.2 Membrane performance
During Phase II, the transmembrane pressures for the polymeric membranes followed the ex-
pected pattern of exponential transmembrane pressure increase after cleaning (Figure 4.5, Park
et al. [2015]). Cleaning was performed manually by gently wiping off the sludge cake, on av-
erage every 6.2 days. The ceramic membranes were installed on day 165 (Phase III). After day
180, the pressures increased from around 7 mbar to 25 mbar due to the increased MLSS con-
centration (Figure 4.4a). The ceramic membrane of MBR 1 was cleaned once by gently wiping
off the filter cake, due to the clogging of the mesh filter of the influent mentioned before. No
cleaning was performed for MBR 2. The TMP for the ceramic membranes were generally
lower than the TMP for the polymeric membranes (Figure 4.5).

To compare the membrane materials in terms of fouling rate, each cleaning cycle of the poly-
meric membranes was overlapped, the fouling resistance R f was calculated using the gross flux
for Equation 1.3, and the initial cleaned membrane resistance taken as Rm (Figure 4.6a). The
average linear fouling rate dR f /dt was found to be 4.6·1011±0.9·1011 m−1 d−1 (p = 5·10−6,
R2 = 0.43). Due to the exponential nature of fouling development [Gitis and Rothenberg, 2016;
Park et al., 2015], high deviations from linear behaviour were found more than 5 days after
cleaning (Figure 4.6a). When only looking at the quasi-linear part of membrane fouling (<5
days), the fouling rate was on average 3.7·1011±0.4·1011 m−1 d−1 (p = 4·10−9, R2 = 0.70).
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For the ceramic membranes, deviations from the linear behaviour were observable, but this was
caused by the temporary increase in sludge concentration (Figure 4.6b). The TMP increase
for MBR 1 caused by the mesh filter clogging was not taken into account. After the MLSS
content of the reactors decreased, the fouling rate resumed quasi-linear behaviour. Ignoring the
temporary increase, the linear fouling rate was 5.4·1010±0.5·1010 m−1 d−1 (p = 7·10−11, R2 =
0.79), which is a factor 6.85 lower than the fouling rate of the polymeric membranes.
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Figure 4.5: Transmembrane pressures (TMP) during Phases II and III. The pressures at the beginning of the
pumping cycle were measured at the end of relaxation, while the pressures at the end of the pumping cycle were
measured just before relaxation. The ceramic membranes were installed on day 165, indicated by the vertical line.
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4.3.3 Treatment performance
The effluent characteristics and removal efficiencies of both MBRs for Phases II and III can
be found in Table 4.4. The performance was much higher compared to Phase I except for
TOC, TC, and IC. Both polymeric and ceramic membranes showed high turbidity removal
efficiencies (98.9% and 99.2%, respectively) with no significant difference (p = 0.13), despite
the larger pore size of the ceramic membranes. The TSS of the effluent was measured once, but
was found to be below the detection limit for both membranes (<0.01 g L−1). Differences in
ions, not including nitrogen species, and conductivity were caused by the trends of the influent
as explained in Section 4.1. The pH of the effluent differed on average only 0.1 units, but the
difference was significant (p = 7·10−4).

The tCOD removal of both Phases were very similar, being 95.8% for Phase II and 94.7%
for Phase III, although a significant difference of 1% was found (p = 0.01). This difference
was most likely caused by the addition of the overflowed sludge on day 180 (Figure 4.7a).
Indeed, this addition was reflected in a temporary increase of reactor and effluent sCOD (Figure
4.7b). The TN removal rate was on average 0.20 g N d−1, which was exactly the same as
the previously calculated removal through immobilisation (Subsection 4.3.1). Therefore, the
mechanism for TN removal was based on biomass growth and removal, with nitrification of the
remaining ammonium in the influent (Figure 4.8). The efficiency of removal was significantly
higher (p = 0.008) in Phase III (53%) compared to Phase II (43%), which can be seen in Figure
4.8b. A higher MLSS concentration might have led to increased sludge wastage and removal
of immobilised nitrogen.
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Table 4.4: Treatment performance of both MBRs during Phases II and III. All values are in mg L−1, except pH, the conductivity κ (µS cm−1), and the turbidity (NTU).

Parameter Influent (Phase II and III) Effluent (Phase II) Removal Phase II (%) Effluent (Phase III) Removal Phase III (%)

pH 7.69 – 8.72 (8.17) 7.56 – 8.01 (7.73) 7.62 – 8.12 (7.83)
κ 1091 – 1730 (1216) 944 – 1301 (1178) 1005 – 1431 (1107)
Turbidity 39.8 – 272 (96.8) 0.27 – 3.83 (0.87) 96.1 – 99.7 (98.9) 0.33 – 3.27 (0.83) 98.2 – 99.7 (99.2)

tCOD 231 – 623 (405) 15 – 28 (17) 92.2 – 97.3 (95.8) 10 – 40 (21) 91.1 – 97.3 (94.7)
TOC 7.9 – 149 (56.9) 1.4 – 82.1 (17.4) −22.6 – 98.5 (68.6) 4.9 – 32.4 (16.8) 8.1 – 86.2 (57.9)
TC 98.5 – 193 (146) 60.9 – 103 (83.3) 3.9 – 62.1 (38.0) 83.5 – 124 (106) 23.0 – 41.0 (31.6)
IC 0.8 – 143 (89.2) 6.6 – 86.3 (65.9) −24.7 – 89.7 (13.7) 74.8 – 111 (89.0) −0.2 – 38.6 (20.8)

TN 19 – 36 (25) 9.1 – 20.8 (14.8) 10 – 65 (43) 6.9 – 18.5 (11.6) 29 – 73 (53)
NH4

+-N 14.1 – 28.4 (19.9) <0.2 – 10.8 (0.8) 48.5 – 99.3 (95.4) <0.2 – 8.0 (0.8) 55.6 – 99.2 (95.7)
NO2

– -N <0.03 – 1.3 (0.3) 0.1 – 1.7 (0.4) 0.1 – 3.6 (0.7)
NO3

– -N <0.02 – 1.4 (0.1) 0.2 – 18.3 (11.7) 1.6 – 16.1 (8.6)
PO4

3 – <0.1 – 6.1 (0.8) <0.1 – 0.2 (0.1) <0.1 – 4.2 (0.3)

Na+ 185.6 – 254.1 (205.1) 142.9 – 221.8 (202.0) 186.0 – 284.8 (203.7)
Ca2

+ 57.8 – 116.2 (74.4) 64.6 – 76.7 (70.8) 57.0 – 128.6 (78.3)
Mg2

+ 5.1 – 10.6 (6.2) 5.5 – 7.2 (6.1) 4.7 – 12.2 (6.2)
K+ 4.9 – 10.1 (6.1) 5.7 – 12.1 (6.8) <0.2 – 16.4 (4.3)
Cl– 132.0 – 174.8 (148.8) 111.7 – 163.4 (149.7) 132.8 – 216.1 (147.1)
SO4

3 – 23.3 – 96.3 (63.3) 72.9 – 95.7 (87.2) 47.6 – 91.9 (70.2)
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Figure 4.8: The nitrogen speciation for the influent (a) and effluent (b) of MBR 1 during Phase II and III. The
ceramic membranes were installed on day 165, indicated by the vertical line.

During Phase II, the TOC of the influent showed a steady increase, while the IC continuously
decreased. After replacement of the influent pump tubing on day 166, the values returned to
the normal levels observed in MBR 2 and Phase I. No similar pattern was seen for the influent
of MBR 2, which is peculiar, since both influent pumps were connected to the same storage
drum. Therefore, a comparison between the removal efficiencies of Phases II and III is not
representative. Furthermore, both MBR effluents and the influent of MBR 2 showed a gradual
increase of all carbon fractions over time, which might be caused by the prolonged storage of
the samples until analysis. Indeed, the samples of Phase I (day 50–69) which were analysed
during Phase III showed an abrupt decrease of TOC and by consequence also TC.

The total carbon removal in Phase III was based by large on organic carbon removal with an
efficiency of 57.9%, followed by inorganic carbon removal with an efficiency of 20.8%. The
carbon in the effluent is mainly of an inorganic nature, i.e., carbonate. Inorganic carbon is
slightly lower in the effluent, which can be explained by autotrophic microbial growth of, e.g.,
nitrifying bacteria.
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Figure 4.9: The carbon fractions for the influent (a) and effluent (b) of MBR 1 during Phase II and III. The ceramic
membranes were installed on day 165, indicated by the vertical line.
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4.4 UV254 absorbance correlations
In the context of decentralized water treatment, continuous monitoring of treated greywater is a
challenge (Section 1.2.4). The measurement of UV254 absorbance can be a good indication of
the aggregate concentration of UV-absorbing organic compounds, and is often correlated with
the TOC and sCOD [APHA, 2017]. Therefore, online measuring of UV254 absorbance could
be a valuable tool for monitoring the effluent quality of decentralized systems.

For Phase I, a significant correlation was found between the influent UV254 and TOC (ρ = 0.40,
p = 0.005), but not between sCOD and UV254 (ρ = 0.04, p = 0.8). For the effluent, significant
correlations were found between UV254 and both TOC (ρ = 0.62, p = 6·10−6) and sCOD (ρ =
0.70, p = 2·10−7). During Phase II, no significant correlations were found for both the influent
and effluent (p > 0.05), except a negative correlation for the influent between TOC and UV254
(ρ = −0.45, p = 0.015). Indeed, the TOC was shown to increase during Phase II (Figure 4.9a),
while UV254 absorbance decreased over time. For Phase III, the only significant correlations
found were for the effluent between UV254 absorbance and both sCOD (ρ = 0.41, p = 0.02) and
TOC (ρ = 0.36, p = 0.04).
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Figure 4.10: Relation between UV254, TOC and sCOD for the effluent of Phase I (a) and III (b).

These correlations were translated into relations for effluent monitoring, using only the highly
correlated variables in Phase I and III (Figure 4.10). For Phase I, the relations are given by
Equation 4.1 for the sCOD (p = 2.2·10−7, R2 = 0.47) and Equation 4.2 for the TOC (p =
6.5·10−6, R2 = 0.37). Similarly, the equations for Phase III are given by Equation 4.3 for the
sCOD (p = 0.02, R2 = 0.14) and Equation 4.4 for the TOC (p = 0.04, R2 = 0.1).

sCOD = (713±115) ·UV254−12±6 (4.1)

TOC = (156±30) ·UV254−6±2 (4.2)

sCOD = (250±100) ·UV254−5±6 (4.3)

TOC = (114±67) ·UV254−8±4 (4.4)
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4.5 E. coli removal efficiency
When reusing greywater, human health is an important concern. Although faecal indicator
bacteria are not indicative of the removal of the major pathogens of risk for greywater, most
guidelines, standards and regulations still focus on the removal of E. coli (Section 1.3.2). There-
fore, the disinfection efficiency was determined through E. coli spike tests, since the synthetic
GW does not normally contain E. coli. The added concentrations were about ten times higher
than in real GW (Table 1.3).

4.5.1 Spike test 1: polymeric membranes

For the blank samples of the influent, >3·106 CFU 100 mL−1 coliforms were found (>300 CFU
with 100 µL of dilution 1:10 plated). These can be any lactose-fermenting bacteria, however. In
the effluent after membrane filtration, a total coliform concentration of 3·103 CFU 100 mL−1

was found, along with 2.1·105 CFU 100 mL−1 non-lactose fermenting gram-negative bacteria.
For the spiked influent, a total coliform concentration of 0.4·108–2.1·108 (average 1.3·108)
CFU 100 mL−1 was found, as expected. No lac-negative bacteria were found in the influent. No
coliforms (<103 CFU 100 mL−1, <1 CFU 100 µL−1) were detected in the effluent, but 1.0·104–
1.82·105 CFU 100 mL−1 lac-negative bacteria. Since no exact LRV could be calculated, i.e.,
the LRV is possibly at least 5, a second spike test was performed on the polymeric membranes
using three different methods.

4.5.2 Spike test 2: method comparison for polymeric membranes and UV

No colonies (<5·103 CFU 100 mL−1, <1 CFU 20 µL−1) were found after UV disinfection, nor
for the samples plated on MacConkey agar. The latter might be due to an expired agar powder
used. A thermotolerant coliform concentration of 0.5·104–3·104 (average 1.5·104) CFU 100
mL−1 was found in the influent, but none in the effluent (<5·103 CFU 100 mL−1, m-FC agar).
The CCA showed the most reliable results, with an E. coli influent concentration of 0.4·108–
2.05·108 (average 1.3·108) CFU 100 mL−1. No other coliforms were found. For the effluent, E.
coli was only detected in 2 out of 4 duplicates, one for each MBR. The E. coli concentrations
found were 2.5·104–4.5·104 CFU 100 mL−1. Using only influent-effluent duplicate couples
where E. coli was detected, the log removal values (LRV) were calculated using Equation 1.1.
The LRVs for the polymeric membranes were 3.7 for MBR 1 and 3.1 for MBR 2.

4.5.3 Spike test 3: ceramic membranes, UV and EC

The E. coli concentration of the influent for the third spike test was 1·107–3.7·107 (average
2.3·107) CFU 100 mL−1, which is lower than the targeted 108 CFU 100 mL−1. The effluent,
spiked to 104 CFU 100 mL−1 was verified to contain 2·103, which is also lower. The effluent
spiked to 108 CFU 100 mL−1, however, contained 1.2·108–3·108 (average 2.1·108) CFU 100
mL−1. For the effluent spiked to 1010 CFU 100 mL−1, the E. coli concentration found was
0.94·1010–1.4·1010 (average 1.1·1010) CFU 100 mL−1.
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The E. coli concentrations detected in the effluent were 2.6·104–6.4·104 (average 4.0·104) CFU
100 mL−1. The LRV for the ceramic membranes was calculated to be 2.7 for MBR 1 and
3.0 for MBR 2, which is lower than the LRVs found for the polymeric membranes. Again,
no coliforms were detected in the effluent after the UV disinfection, even with the highest
spike concentration (1010 CFU 100 mL−1) and filtering 100 mL through the membrane filters.
Therefore, the effluent after UV disinfection was effectively 0 CFU 100 mL−1, and the LRV
for this UV reactor was >10. While an increased turbidity can hinder UV penetration and
disinfection efficiency (Subsection 1.4.2), the most concentrated spike solution had a turbidity
of 54.4 NTU compared to the unspiked effluent (0.47 NTU) and still performed exceptionally
well.

The electrochemical cell is a valid alternative to UV disinfection, since it could effectively
disinfect the MBR effluent to a non-detectable concentration, i.e., 0 CFU 100 mL−1. A sum-
mary of microbial effluent quality and the determined LRV for UV and EC disinfection, the
ceramic membranes, and the polymeric membranes can be found in Table 4.5, while the E. coli
concentration throughout the treatment system can be seen in Figure 4.11.

Table 4.5: Summary of E. coli spike tests 2 and 3 for the effluent quality after disinfection and the determined log
removal values.

Effluent quality
E. coli after EC (0.77 mg Cl2 L−1) 0 CFU 100 mL−1

E. coli after UV (726 J L−1, 875 mJ cm−2) 0 CFU 100 mL−1

Log removal values
Polymeric membranes (0.4 µm) 3.1 – 3.7
Ceramic membranes (0.56 µm) 2.7 – 3.0
UV reactor (726 J L−1, 875 mJ cm−2) >10
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Figure 4.11: E. coli concentration throughout the treatment train.
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4.6 UV reactor characteristics
Since an LRV for disinfection is not meaningful unless related to a certain UV dose (Subsection
1.4.2), the UV reactor whas characterized in terms of residence time and applied UV dose.

4.6.1 UV reactor residence time
The UV reactor volume (VUV reactor) was determined to be 196–198 mL, with an average of
197 mL. Therefore, the theoretical residence time τ is 13.8 min to 14.3 min, with an average
of 13.8 min. The inlet conductivity measured in the test tube was 52.2 mS cm−1, which is
lower than the measured conductivity in the free solution (100 mS cm−1). This was caused by
an interaction effect of the probe in the narrow test tube. This deviation has no effect on the
results, since the outlet conductivity κ(t) will be normalized with κ0 following Equation 3.13.
The cumulative residence time distribution (RTD) and RTD are shown in Figure 4.12.
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Figure 4.12: Cumulative RTD (a) and RTD (b) of the UV reactor, with τ the hydraulic retention time (HRT), and
τm the mean residence time.

The mean residence time τm was calculated using Equation 3.16 and found to be 13.19 min-
utes. The peak residence time occurs well before the theoretical residence time (Figure 4.12b).
Furthermore, the RTD shows a long tail, which is additionally indicated by τm not coinciding
with the peak of the RTD.
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4.6.2 UV dose
During irradiation, the pH and temperature of the actinometric iodide-iodate solution increased
from 9.09 to 9.18 and from 22.0°C to 23.4°C, respectively. The measured absorbance at 300
nm of the solution prior to irradiation was 0.614. Therefore, the KI concentration was 0.579
M (Equation 3.18), which is close to 0.6 M and similar to the findings of Rahn [1997]. When
correcting the quantum yield Φ for the KI concentration and an average temperature of 22.7°C
using Equation 3.22, a value of 0.780 mol I3

– einstein−1 was obtained.

The absorbance of the actinometric solution at 352 nm before irradiation was found to be
0.089. The irradiated solution was sampled after 20 minutes and measured for absorbance at
352 nm immediately. Because the solution exceeded maximum absorbance, it had to be diluted
by a factor 1:16, since absorbance and concentration are linearly related following the law of
Lambert-Beer (A352 = ε · l · cI3

– ). The absorbance of the undiluted solution was calculated to
be 33.3. Using Equation 3.19, the volumetric UV dose at 254 nm (Dv) was 726 J L−1. The
diameter and height of the UV lamp casing were 4 and 12 cm, respectively. Using a surface
area of 163.4 cm2 and the UV reactor volume (Subsection 4.6.1), the UV dose at 254 nm was
estimated to be 875 mJ cm−2 (Equation 3.20). Following Equation 3.20, the lamp intensity was
determined to be 1.11 mW cm−2. The UV-C output of the lamp was 2.3 W at 254 nm. Using
this value and the estimated surface area, the lamp intensity was found to be 14 mW cm−2.



5 Discussion
5.1 Treatment performance

During the entire experiment (all three Phases), nitrogen removal was limited to at most 67.7%
(95th quantile), with an average of 53% during the period with the highest removal efficiency,
being Phase III. Since the experimental setup was an aerated MBR, no denitrification would be
expected, which was confirmed by the results (Subsection 4.3.3). The removal of nitrogen is
purely based on immobilisation of nitrogen in sludge growth and subsequent removal of this
sludge through the overflow. Increasing sludge wastage can therefore increase the nitrogen
removal efficiency, but the sludge concentration was already limited by the available COD.
Furthermore, increasing sludge wastage will decrease the water recovery, which may not be
not preferred. Better alternatives to obtain higher nitrogen removal efficiencies are to either
increase the loading rates by increasing the treated wastewater volume or to decrease the reactor
volume (Subsection 4.3.1). This way, sludge concentration would be increased, allowing for
higher sludge wastage while maintaining the same recovery. However, both approaches were
practical limitations of the greywater storage drum and the membrane dimensions, respectively.
Another option would be to add carriers to the system to obtain a MBBMR (Section 1.5), as this
would allow for denitrification in deeper, anoxic layers of the biofilm present on the carriers.

A noticeable treatment performance difference between Phase I and Phases II and III was
found. The main cause was a difference in sludge quality and especially quantity. Since ni-
trogen was removed based on immobilisation, a higher MLSS concentration caused a higher
removal efficiency. Furthermore, nematodes, ciliate protozoa, and slight algal growth was ob-
served during Phases II and III (Supplementary figures B), which is an indicator of good sludge
quality since these organisms could survive in Phases II and III, but not in Phase I.

The influent after storage showed lower tCOD and PO4
3 – concentrations compared to fresh

synthetic greywater, fluctuations in the concentrations of other ions, and high concentrations
of lac-positive bacteria in the spike test blanks. The plastic drum used for the influent was
stored outside and filled with pebbles and sand before use in this setup. It was only rinsed
with tap water and not disinfected, and the drum was left open to the laboratory atmosphere
for the entire experiment. Therefore, contamination is likely and expected. Since the influent
storage drums were never completely emptied or cleaned, any microbial biomass present would
remain available to regrow once fresh greywater was added. These short cycles of fresh added
GW and microbial proliferation likely caused the observed high variability in the turbidity,
anoxic conditions, precipitation, and degradation.

For the UV254 correlations, the influent absorbances were most likely inaccurate due to fil-
tration with a PA filter instead of an inorganic filter,e.g., glass fibre [APHA, 2017]. Indeed,
the polyamide (nylon) filters used release the highest amount of interfering organics [Karan-
fil et al., 2003]. Furthermore, the older samples for TOC showed deviation due to prolonged
storage before analysis. Different samples were used for the measurement of sCOD and other
variables at CMET, and UV254 and TOC at PaInT, which might have decreased the quality of
the correlation further, since the influent showed high variation.
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The UV254 correlations for the effluent of Phase III were significant, but had a low indication
for linear goodness of fit (R2), due to a higher variance. The samples of the effluent were not
filtered with a PA filter. The difference between two Phases was most likely caused by the
difference in sludge characteristics [APHA, 2017]. Furthermore, all correlations determined
are specific to the greywater used and the sludge characteristics, e.g., microbial community
composition [APHA, 2017]. In fact, the same can be said for all results obtained within these
experiments, as operational conditions will impact both treatment and membrane performance.

5.2 Membrane performance
The ceramic membranes developed lower pressures during operation compared to the poly-
meric membranes. This can be attributed to three factors: the lower flux and larger pore size of
the ceramic membranes, and the different surface properties, e.g., surface material, roughness,
porosity and pore length of the ceramic membranes. The membrane performance in terms of
fouling rate was 6.85x lower for the ceramic membranes, which corrects for differences in pore
size and flux. The flux difference was corrected for by the use of the fouling resistance R f
instead of TMP, while the differences in pore size, porosity and pore length were corrected for
by looking only at the fouling resistance, and not including the membrane resistance Rm (Equa-
tion 1.3). Therefore, the lower fouling rate was caused by the different surface material and
roughness of the ceramic membranes. Indeed, the SiC membranes have a high hydrophilicity
and a low iso-electric point (Table C.2). The iso-electric point was about 2 to 2.5 as given
by the manufacturer, i.e., a high negative surface charge at the synthetic greywater pH. This
is a clear advantage of the ceramic membranes for decentralized applications, allowing longer
operation without cleaning. However, the ceramic membranes should be researched further to
see the effect of backwashing and to further assess fouling development, since no cleaning was
performed in this experiment.

5.3 Disinfection performance
During the assessment of disinfection performance, high effluent concentrations of lac-negative
bacteria were found in the blank. Since these bacteria were not present in the influent, it can
be assumed that the contamination was caused by the reactor’s MLSS. Indeed, the polymeric
membranes were removed from the reactor when cleaning, which leaves the tubing exposed
for contamination. Furthermore, the polymeric membranes were only cleaned manually dur-
ing Phase II, which might have allowed for more significant bacterial regrowth after mem-
brane filtration compared to regular chemical cleaning. The ceramic membranes can probably
be cleaned effectively by backwashing, allowing for low-maintenance, which is an advantage
when regarding decentralized greywater treatment. Because no cleaning was performed during
this study, the efficacy of backwashing for this specific SiC membrane is not known.

The LRV for the polymeric membranes was 3.1–3.7, which is slightly lower compared to val-
ues found in literature (Section 1.6), which might be due to frequent cleaning. For the ceramic
membranes, the LRV was 2.7–3.0, which was lower than the polymeric membrane LRV. This
was expected, since the pore size of the ceramic membranes was a factor 1.4 larger. The lower
LRV for ceramic membranes is not necessarily disadvantageous, since the main purpose of
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membrane filtration is not disinfection but solids retention and removal, and both membranes
performed equally well in terms of turbidity and TSS removal. Furthermore, the removal ef-
ficiency was not perfect, while E. coli dimensions are 0.6 x 2 µm, which is larger than the
pore sizes of the membranes [Liu, 2019]. This was caused by imperfect pore size distributions
compared to nominal pore sizes, and membrane surface defects.

To the best of the author’s knowledge, no values are reported for ceramic membrane LRVs for
the treatment of greywater using MBRs, so no comparison with literature could be made. Only
one study concerning ceramic membranes for (non-biological) greywater treatment was found,
but no LRV was given [Bhattacharya et al., 2013]. The LRV, based on ranges of most probable
numbers (MPN) per 100 mL for bacteria in the influent and effluent, was at the very least 0.8
and at best 1.5 for a clay-alumina membrane with pore size 1 µm [Bhattacharya et al., 2013].

The excellent performance of the UV reactor was likely caused by an over-dimensioning, since
the UV lamp is designed for household ponds of size 7000 L. The flow rate of 0.9 L h−1 (14.25
mL min−1) used in the spike tests was only a fraction of the maximum design flow rate of
3000 L h−1. The UV dose was 875 mJ cm−2, which is more than a factor 10 higher than
the requirements in Table 1.5. It is unclear how much the required dose would increase when
corrected for photoreactivation and other variables in Subection 1.4.2. However, it is evident
that the UV reactor is over-dimensioned for E. coli removal, as expected from the results of E.
coli removal (Section 4.5). The low flow rate, being only a fraction of the maximum design
flow rate, led to an excessively long residence time and a decrease of energy efficiency. The
required energy for disinfection was 10.5 kWh m−3, which is very high compared to literature,
being 0.4 to 3.3 kWh m−3 (Section 1.5).

The long tail of the residence time distribution, and the mean residence time being smaller than
the hydraulic residence time are strong indications of a dead volume, which is very plausible
considering the geometry of the UV reactor (Figure B.11). The UV reactor consists of two
concentric cylinders with inflow and outflow connections on either side at different heights.
Furthermore, the inner cylinder, containing the UV lamp, has its base elevated from the outer
casing, allowing water to pass underneath. Therefore, the water can travel any of three different
paths around the inner lamp casing (Figure B.11). It is most likely that the dead volume is
situated somewhere in the longest paths. At high flow rates (3000 L h−1) close to the intended
UV reactor design, this dead volume would probably be negligible.

There is an obvious discrepancy between the two lamp intensity values. This can be explained
by several factors. The irradiated area was simplified to the lamp casing surface, which was as-
sumed to be cylindric. A concentric water layer further from the lamp casing will have a larger
surface area, and therefore a smaller UV flux. Therefore, the formula used in Equation 3.20 and
the calculated surface area are not representative of reality. Furthermore, transmission effects
of the lamp casing, and reflection effects of the water surface and UV reactor aluminium lining
were not considered. The volumetric UV dose Dv will be the most accurate representation of
disinfection intensity, since it is directly based on the number of photons with a wavelength of
254 nm absorbed per litre of water (Subsection 1.4.2).
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5.4 Water fit for reuse
This study aims at non-potable reuse on a household-scale for, e.g., toilet flushing. No lo-
cal guidelines or regulations are present for household-scale decentralized general wastewater
reuse in Belgium, since water reuse is limited to specific industrial cases, and the well known
example of indirect potable reuse at the centralized WWTP of Torreele [Van Houtte and Ver-
bauwhede, 2008]. To compare the treatment performance of the MBR system, the most strin-
gent set of target values from Table 1.4 were chosen, which can be found in Table 5.1 together
with the effluent results of the polymeric and ceramic membranes (Phases II and III). Since the
reporting of an average and standard deviation is less meaningful when comparing with targets
[Reynaert et al., 2021], a range and average was given for each parameter of effluent quality.

The legislation for Italy is based on general wastewater treatment for reuse in toilet flushing
[Alcalde Sanz et al., 2014]. No frequence of monitoring is mentioned except annual reporting,
which is the responsibility of the owner of the water recovery plant. The guidelines concerning
the reuse of greywater in Western Australia for toilet flushing and clothes washing only apply
to communal or public properties, not to a single domestic dwelling [Western Australia Depart-
ment of Health, 2011]. Weekly monitoring of coliphages, Clostridia, E. coli, BOD, and TSS
is required, with online monitoring for pH, turbidity, and UV dose intensity. The ISO standard
was made primarily for non-sewered (i.e., decentralized) sanitation systems treating human
excreta for unrestricted urban reuse, although the input substances can be extended to include
greywater [International Standards Organisation, 2018]. Controlled laboratory tests of 32 days
on urine and faeces are required, with sampling roughly every week. Besides the parameters
in Table 5.1, noise, odour, and air emissions require monitoring to obtain ISO certification.
However, the aim of this study was not to comply to a certain water reuse criterion, but to be
a proof-of-concept that an MBR system using ceramic membranes for greywater treatment can
meet current target values for non-potable municipal water reuse.

Total phosphorus, residual chlorine, faecal coliforms, MS2 coliphage, Clostridia, protozoa,
and Salmonella targets were defined in the selected water quality targets, but not measured
in this study. Residual chlorine was not applicable since the disinfection was UV-based. Total
phosphorus was not considered since the added concentration was only 0.5 mg P L−1, excluding
detergent contribution. To assess the disinfection performance, only the E. coli removal in terms
of LRV and effluent concentration was determined.

From Table 5.1, it can be seen that the effluent quality easily met the defined targets for both
membrane materials, except for nitrogen-related targets. Indeed, the maximum effluent TN
concentration exceeds the target of Italy, while the TN removal efficiency requirement for the
ISO standard is not met. The maximum ammonium concentration exceeds the target of Italy.
However, the question is whether these targets are relevant for the application. For the ISO stan-
dard, the targets are set to prevent eutrophication of surface waters, since discharge to surface
waters is included in the standard. For Italy, the regulations seem to be set as an intermediary of
drinking water targets and agriculture irrigation. Should toilet flushing be considered, the only
concern would be regrowth of micro-organisms due to the presence of nitrogen. The added
urine would increase nitrogen concentrations back to levels equal or greater than that of the
untreated greywater, since urine contains about 9.8 g N L−1 as urea [Larsen et al., 2013].
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Table 5.1: Comparison between the observed MBR effluent quality and a selection of non-potable water reuse quality targets.

Phase II Phase III ISO 30500:2018
Category Aa

Australia (2011)b Italy (2003)c

Type Polymeric membranes Ceramic membranes International
standard

Guideline Regulation

Reuse purpose Unrestricted use Toilet flushing,
clothes washing

Toilet flush-
ing

pH 7.6 – 8.0 (7.7) 7.6 – 8.1 (7.8) 6 – 9 6.5 – 8.5 6.0 – 9.5
κ (mS cm−1) 0.9 – 1.3 (1.2) 1.0 – 1.4 (1.1) ≤3.0
Turbidity (NTU) 0.27 – 3.83 (0.87) 0.33 – 3.27 (0.83) ≤2 (95 percentile)

≤5 (max)
COD (mg L−1) 15 – 28 (17) 10 – 40 (21) ≤50 ≤100
BOD (mg L−1) ≤10 ≤20
TN (mg L−1) 9.1 – 20.8 (14.8) 6.9 – 18.5 (11.6) ≤15
TN removal (%) 10 – 65 (43) 29 – 73 (53) 70%
NH4

+-N (mg L−1) <0.2 – 10.8 (0.8) <0.2 – 8.0 (0.8) ≤1.6
TP (mg L−1) 80% load.......... re-

duction
≤2

TSS (g L−1) <0.01 <0.01 ≤10 <10 ≤10
Cl– (mg L−1) 111.7 – 163.4 (149.7) 132.8 – 216.1 (147.1) ≤250
Residual chlorine (mg L−1) N/A N/A 0.2 – 2
UV dose (mJ cm−1) 875 875 40-70
Faecal coliforms (CFU/100 mL) <1
E. coli (CFU/100 mL) 0, >10 LRV 0, >10 LRV ≤1, ≥6 LRV >5 LRV ≤10
Coliphage MS2 (PFU/100mL) ≤1, ≥7 LRV <1, >6.5 LRV
Clostridia (CFU/100 mL) <1
Protozoa >5 LRV
Salmonella N.D.
a Reynaert et al. [2020]
b Western Australia Department of Health [2011]
c Alcalde Sanz et al. [2014]
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5.5 Comparison with MBBR
A comparison will be made between the MBR-UV and the MBBR-EC of colleague student
Nele Driesen [Driesen, 2021]. The MBBR system was two-staged, using AnoxKaldnes K5
carriers with a filling ratio of 40%. The surface loading rate was 3±1 kg COD m−2 d−1, while
the volumetric loading rate was 1.1±0.3 kg COD m−3 d−1. The same composition was used for
the synthetic GW. Solids removal was based on conical settlers, and disinfection after settling
occurred through an electrochemical cell (EC) with cation exchange membranes, producing
0.77 mg L−1 free chlorine species. Other characteristics of the EC and MBBR can be found in
Driesen [2021], since those are out of the scope of this study.

The effluent quality and disinfection performance of both systems are summarized in Table 5.2.
For the MBR, the data for Phase III is given (ceramic membranes). Carbon fractions and other
ions besides phosphate and nitrogen species are not shown. No difference in κ , phosphate and
nitrite was found.

Table 5.2: Comparison between MBR and MBBR effluent quality.

MBR (ceramic) MBBR

pH 7.62 – 8.12 (7.83) 7.6 – 8.37 (8.1)
κ (µS cm−1) 1005 – 1431 (1107) 756 – 1271 (1117)
Turbidity (NTU) 0.33 – 3.27 (0.83) 0.91 – 71.2 (9.32)

COD (mg L−1) 10 – 40 (21) <15 – 172 (46)

TN (mg L−1) 6.9 – 18.5 (11.6) 1 – 22 (14.3)
NH4

+-N (mg L−1) <0.2 – 8.0 (0.8) <0.2 – 15.4 (1.0)
NO2

– -N (mg L−1) 0.1 – 3.6 (0.7) <0.03 – 4.9 (0.6)
NO3

– -N (mg L−1) 1.6 – 16.1 (8.6) 0.4 – 14.4 (10.0)
PO4

3 – (mg L−1) <0.1 – 4.2 (0.3) <0.1 – 4.1 (<0.1)

TSS (g L−1) <0.01 <0.3 – 380 (31)

E. coli (CFU 100 mL−1) 0 0 – 20
LRV treatment 2.7 – 3.0 1.2 – 3.3 (2.2)
LRV disinfection >10 4.3 – 5.3a, >4.8b

Residual chlorine (mg L−1) N/A 0.77
UV dose (mJ cm−2) 875 N/A
Disinfection energy use (kWh m−3) 10.5 5±1
a Effluent of MBBR
b Effluent of MBR

The average turbidity of the MBBR effluent was a factor 10 higher, which was also reflected
in elevated TSS levels. For the MBR, the TSS of the effluent was below the quantification
limit (<0.01 g L−1), while the TSS of the MBBR was on average much higher (31 g L−1)
with extreme values of up to 380 g L−1. The reliance of the MBBR on gravitational settling
led to a vulnerability to bulking and floating sludge. Indeed, floating sludge caused high TSS
levels and decreased disinfection performance through reaction of the reactive chlorine with
organic matter. The MBR was more effective for TSS and turbidity removal, but this is likely
accompanied by an increased energy demand required to overcome TMP. No energy efficiency
was calculated.
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The effluent COD concentration of the MBBR was on average about 2 times higher, with a 4
times higher observed maximum. Both reactor types have mechanisms of sludge retention, but
the SRT of the MBR was more controllable through setting of the sludge wastage Qw. It is
likely that more biomass was present in the MBR, i.e., the sludge loading rate was lower in the
MBR, which caused an increased COD removal efficiency.

The TN removal was slightly higher for the MBR, but this is caused by the temporary in-
crease in MLSS concentration during Phase III, with similar results between Phase II and the
MBBR. Similar nitrate and average ammonium concentrations were observed, although with
lower maximum ammonium concentrations for the MBR. This could indicate that the addi-
tion of carriers to the MBR would not necessarily improve nitrogen removal. However, the
active biomass was mainly located on the carriers in the MBBR, while biomass in an moving
bed biofilm membrane reactor (MBBMR) or hybrid MBR-MBBR would be present both on
the carriers and as additional sludge suspended in the MLSS. This could lead to a decreased
DO concentration in the MBBMR due to higher total biomass presence, which might initi-
ate denitrification [Hocaoglu et al., 2011], should the DO be sufficiently low to induce anoxic
conditions in the carrier biofilms.

The LRV of both treatment trains without disinfection was similar, although the LRV for the
MBR was more consistently high, in the sense that the average LRV for the MBBR was lower
than the LRVs for both MBR 1 and 2. However, the main purpose of the treatment trains
was solids retention and biological treatment. The UV showed a very high LRV since it was
overdimensioned, with no effect of increased turbidity on disinfection performance. The EC
struggled with the suspended organic matter in the MBBR effluent and showed a lower LRV
than the UV reactor. However, the MBR effluent could effectively be disinfected by the EC.
A LRV for the EC of >4.8 was found for the disinfection of the MBR effluent. No LRV
determination for the EC was performed with spiked MBR effluent. Therefore, a comparison
is not straightforward.

In terms of energy use for disinfection, the UV lamp used about twice the energy per treated unit
of water compared to the EC, being 10.5 kWh m3 compared to 5±1 kWh m3. The flowrate of
the UV could be increased since the UV dose was about a factor 10 higher than usual for disin-
fection. However, the UV dose does not typically decrease linearly with the flow rate [Friedler
and Gilboa, 2010], so possible energy savings can not be determined. The EC energy use was
high because of an increased internal resistance of the cell, due to high TSS concentrations of
the MBBR effluent and precipitation caused by a high cathode pH.



6 Conclusion
6.1 General conclusions
The main focus of this study was the reclamation of greywater for non-potable reuse and as-
sessing the application potential on a small scale of an MBR treatment system with UV disin-
fection. The effluent quality met the most stringent available physicochemical and biological
water quality targets for toilet flushing and unrestricted reuse, at a water recovery of 95% (Ob-
jectives 3 and 2). Only nitrogen removal was limited. However, this might be less relevant
for, e.g., toilet flushing, which is one of the most demanding uses in terms of water quantity
(Table 1.1). The SiC ceramic membranes used can enable long operation cycles without the
need for cleaning, through a lower degree of fouling accumulation, which is a strong advan-
tage for small-scale systems compared to the widely used commercial polymeric membranes
(Objective 1).

Despite initial optimization problems during Phase I, a stable reactor performance was obtained
during Phases II and III (Objective 3). A good sludge quality was found to be essential to
ensure ideal membrane performance and treatment efficiency. A high turbidity removal was
observed, being 98.9% for the polymeric membranes and 99.2% for the ceramic membranes,
despite differences in pore size. A high average COD removal was obtained of around 95% for
both membranes. Nitrogen removal was based on sludge growth and wastage and limited to at
most 67.7% (95th percentile) with an average of of 48% for both membrane materials together.
Precipitation and degradation occurred in the influent storage drum, which acted as a first step
for the treatment of the synthetic greywater (Objective 3).

Looking at biological effluent quality, the UV reactor could reduce E. coli concentrations to
non-detectable levels (Objective 2). The UV lamp was heavily over-dimensioned through de-
sign, leading to a high UV dose of 726 J L−1 (875 mJ cm−2) and an LRV above 10 with no
observed decrease under higher turbidity. The LRV for the polymeric membranes was 3.1–3.7,
which is slightly lower compared to literature, but can be explained by frequent ex-situ clean-
ing and the accompanied increased susceptibility to regrowth. For the ceramic membranes
lower LRVs of 2.7–3.0 were found, due to a difference in pore size. However, the LRVs of the
membranes are less relevant since the UV reactor was the main point of disinfection.

Membrane fouling was observed and assessed during operation. The fouling rate for the ce-
ramic membranes was a factor 6.85 lower compared to the polymeric C-PE membranes (Objec-
tive 1). This could be attributed to the difference in surface roughness and membrane material.
The overall operation pressures were much lower for the ceramic membranes than for the poly-
meric membranes for the entire duration of the experiment, but this might have been partly due
to the larger pore size and larger surface area. Microbial regrowth was observed when cleaning
the membranes ex-situ, e.g., chemical cleaning or rinsing under tap water. The SiC membranes
are not expected to require removal from the MBR for cleaning, since they can be backwashed
and are robust enough to enable manual brushing should this be required. However, no cleaning
was performed to verify this.
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To allow for on-line monitoring of effluent quality, correlations were determined between
UV254 absorbance and TOC and sCOD (Objective 5). A strong linear correlation was found for
the effluent during Phase I, which could have been used for monitoring. However, no signifi-
cant correlation was found for Phase II and the correlations for Phase III were of lesser quality
due to several factors, such as sample filtering with the wrong filter material, overdue analyses,
prolonged storage, and the use of different samples for analysis with high sampling variability.
Therefore, the determined correlations have limited use, in addition to being specific for the
treatment system and greywater in question.

One of the main advantages of MBR is the retention of biomass, allowing for small reactor
volumes with high sludge concentrations (Objective 4). During MBR operation, a lower mixed
liquor suspended solids (MLSS) concentration of about 2.25 to 3 g MLSS L−1 was found
compared to conventional AS (4 g MLSS L−1) and typical MBR systems (12 g MLSS L−1).
However, this was caused by a low organic loading rate limiting sludge growth and not by
any inhibition or excessive die-off caused by detergents and biocides present in the greywater,
contrary to expectations. Therefore, the retention of biomass in the system as an advantage of
MBR is confirmed. The reactor volume could be lowered from 10 L to as low as 1.7 L, or the
organics loading could be increased. This allows for a system with low space requirements,
which is well suited for small-scale applications.

Lastly, the other advantages of MBR systems (Objective 4) were assessed by a comparison be-
tween the MBR setup and a moving bed biofilm reactor (MBBR) running on the same synthetic
greywater [Driesen, 2021]. The MBBR volume was in total 17 L, with 5 L per stage and 7 L for
the conical settler, which is in total about 10 times higher than the lowest feasible MBR volume.
The effluent turbidity of the MBR was on average 10 times lower, with no quantifiable amount
of TSS present. Therefore, it was able to provide an effluent of higher clarity compared to the
MBBR, especially when sludge bulking is a problem. As a consequence, the electrochemical
cell of the MBBR setup could effectively disinfect the MBR effluent to a non-detectable level
of E. coli. The retention of activated sludge in the MBR was much more controllable compared
to the MBBR, by setting of the sludge wastage.

Overall, the MBR-UV setup with ceramic membranes has shown excellent application potential
for greywater treatment and reuse through its advantages for implementation on a small-scale.
Further research could strengthen this position and allow for an effective implementation, alle-
viating water scarcity in Flanders and other regions of the world.
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6.2 Perspectives
To allow a more thorough comparison between the SiC and C-PE membranes, the use of the
current SiC ceramic membranes should be continued. This way, the fouling development can
be evaluated in a more concise way, including the use of cleaning methods such as backwashing
or manual brushing. Furthermore, many other materials are available for the use in top-layers
of ceramic membranes and can be evaluated for their effectiveness for greywater treatment in
an MBR, such as SiC membranes with different top-layer thicknesses or substrate pore sizes,
Al2O3 ceramic membranes, the combination of photocatalytic TiO2 membranes with UV disin-
fection, zeolite based membranes, or even ceramic membranes made of natural materials such
as clays.

Since nitrogen removal was limited, the use of carriers in a ceramic moving bed biofilm mem-
brane reactor (CMBBMR) can be evaluated, to achieve simultaneous nitrification and denitri-
fication. Another option would be to operate under intermittent aeration, introducing anoxic
periods. To test the applicability of the treatment system, it should be evaluated on real grey-
water. Furthermore, a direct connection to a greywater supply could enable higher loading rates
and assess the effect on MLSS concentration and treatment performance.

Lastly, the disinfection performance assessment should be extended to viruses, since they pose
a non-negligible concern for human health. The LRV of the UV reactor for, e.g., MS2 col-
iphage could be determined using the existing MBR-UV system with SiC ceramic membranes.
Furthermore, since the UV reactor was heavily overdimensioned, the relation of reactor flow
rate and UV dose could be determined to better understand exactly how much the UV reactor
is overdimensioned. However, should a flow rate of 3000 L h−1 still provide adequate disinfec-
tion, this is not feasible for a lab-scale reactor. Other options would be to assess lower power
UV lamps, or even a small LED-UV diode array fit for the low flow rates used. However,
the goal of this study was not to deliver a completely customized treatment system ready for
application, but rather to be a proof-of-concept.



A Sustainability
Approximately 7300 litres of drinking water were used during the entire experiment for the
preparation of synthetic greywater, after which it was treated and disposed of down the drain.
These 7300 litres are the non-potable water usage of 1 person for a period of 4 months [Vlaamse
Milieumaatschappij, 2018]. It would have been more sustainable to treat real greywater and
effectively reuse it for, e.g., toilet flushing, since the effluent quality met the requirements.
Furthermore, the reactors could have potentially treated 43000 litres of real greywater would
the organic loading rate have been increased and the effluent quality stayed the same. This
could have supplied 3.5 people for the entire duration of the experiment (204 days) with all
of their daily water needs that do not require a potable water quality, such as toilet flushing,
clothes washing, garden irrigation, and house cleaning. When considering only toilet flushing,
the two MBRs could have supplied nearly 10 people with their daily toilet flush water.

Ghent is supplied in its drinking water by the water utility company Farys, which relies for 88%
of its drinking water on the import of groundwater from the Walloon region of Belgium and the
Netherlands [Vlaamse Milieumaatschappij, 2019a]. To treat and reuse greywater locally could
reduce a person’s potable water demand by roughly 52%, drastically reducing the number of
kilometres our water needs to travel, saving both the energy needed for pumping over large
distances and lowering the pressures on groundwater supplies [Rabaey and Van De Walle, 2020;
Vlaamse Milieumaatschappij, 2018]. When looking at Flanders as a whole, a total of about 183
million m3 of potable water could be saved on a yearly basis [Vlaamse Milieumaatschappij,
2019a], which is equal to 73000 olympic swimming pools.
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(a) (b)

Figure B.1: Microscopic images of algae in the MBR. (a) Colour image. (b) Image taken with the microscopy
camera, including scale. Filamentous bacteria and a ciliate can be seen.

(a) (b)

Figure B.2: Male nematode tail. (a) Colour image. (b) Image taken with the microscopy camera, including scale.

Figure B.3: Composite image of a female nematode,
since the nematodes were too large to fit in view on
the smallest magnification.

Figure B.4: Ciliate protozoa present in the MBR,
feeding on the activated sludge. Filamentous bacte-
ria were also visible.
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(a) (b)

Figure B.5: Macroscopic view of (a) the red-coloured nematodes on the polymeric membrane, and (b) limited
algae growth inside the MBR. The visible border on the left side of the polymeric membrane was 5 mm wide.

(a) (b) (c)

Figure B.6: Progression of the overflow events. (a) just after inoculation, day 0. (b) after the first overflow event,
day 4. (c) after the fourth overflow event, day 8. The left reactor was MBR 1, the right MBR 2.

.
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Figure B.7: Dispersed growth at the end of Phase I,
after settling of the activated sludge.

Figure B.8: The ceramic membranes used in Phase
III.

(a) (b)

Figure B.9: The polymeric membranes used, before (a) and after (b) cleaning. The left membrane was yet unused.

Figure B.10: Overview of the MBR setup.

Figure B.11: Diagram of the UV reactor, with the
violet cylinder being the UV lamp casing, the blue
arrows indicating possible flow paths, and the red
circles indicating the most likely locations of dead
volume.



C Supplementary tables

Table C.1: Main differences between membrane polymers of 6 polymer families, polytetrafluoroethylene not
included. Adapted from Judd [2011] and Park et al. [2015]

Polymer family Advantages Disadvantages

Cellulose acetate (CA)) Fully hydrophilic (low fouling).
Good controllability of pore size.

Biodegradability and poor toler-
ance to caustic cleaning chemicals.
Limited chemical resistance, sus-
ceptible to hydrolysis below pH 4
and above pH 8.

Polypropylene (PP) Satisfactory MF membranes. Low
material costs.

Fully hydrophobic. Permeability
may be low due to low pore density.
Slightly wider pore size distribu-
tion. Cannot be made hydrophilic.
Lower chlorine tolerance.

Polyethylene (PE) Satisfactory MF membranes. Can
be made hydrophilic through post-
treatment. Good acid tolerance.
Low material costs.

Fully hydrophobic. Permeability
may be low due to low pore den-
sity. Slightly wider pore size distri-
bution. Lower chlorine tolerance.

Poly(ether)sulfone (PS/PES) Good controllability of pore size.
Higher solubility of polymer, mak-
ing it suitable for polymer blends.
Generally the highest mechanical
strength among polymers. High
chemical resistance between pH
1.5 and 13.

Intermediately hydrophobic, but
can be modified through additives
(copolymers) or post-treatment.

Polyacrylonitrile (PAN) Good controllability of pore size.
Wide pH tolerance.

Intermediately hydrophobic, but
can be modified through additives
(copolymers) or post-treatment.
Moderate chlorine tolerance.

Polyvinylidene difluoride (PVDF) Good controllability of pore size.
Combination of generally high
strength, flexibility, and chemical
resistance. Highly tolerant to chlo-
rine.

Intermediately hydrophobic, but
can be modified through additives
(copolymers) or post-treatment, al-
though this is more difficult for
PVDF.
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Table C.2: Main properties of different ceramic top-layer materials. Adapted from Abdullayev et al. [2019]; Gitis
and Rothenberg [2016].

Top-layer type Advantages Disadvantages Applications

Alumina (Al2O3) Abundant, good chemi-
cal and thermal stability,
relatively good strength
and thermal and electri-
cal insulation properties.
Multiple allotropes can be
used for a desired pore
size (boehmite, γ-Al2O3,
α-Al2O3).

High sintering tempera-
ture (>1300 °C). Impuri-
ties cause cracking at rel-
atively low stress values.

Excellent for low-cost ap-
plications not requiring
high performance.

Silicon Carbide (SiC) Superb fouling resistance
due to hydrophilicity and
a low iso-electric pointa

High sintering tempera-
tures (2000 °C) unless ad-
ditives are addedb

Ideal for applications with
high fouling potential.

Silica (SiO2) Thin coating layer possi-
ble (30 nm) with true mi-
cropores (< 2 nm).

Low reproducibility, high
hydrothermal instability.

Molecular sieving and gas
separation

Titania (TiO2) Excellent chemical resis-
tance at both acidic and
alkali pH. Photocatalytic
properties under UV
light. Low sintering
temperatures (300–400
°C). Lower fouling sus-
ceptibility a(compared to
Al2O3 and ZrO2).

Self-standing membranes,
i.e. no support layer, the
entire membrane is TiO2,
have poor structural sta-
bility and cannot be as-
sembled in a module.

Mainly used for its photo-
catalytic properties.

Zirconia (ZrO2) High chemical stability,
especially in alkali solu-
tions.

Low thermal stability,
cracking when heated
above 1173°C. Only fit
for top-layer construction.

Solid electrolyte
membrane for high-
temperature fuel cells.

Zeolites
([(SiO2)(AlO2)x]M ·yH2O)

Exceptional chemical and
thermal stability, as well
as catalytic activity. Also
ion exchange and adsorp-
tion is possible, allowing
for a multifunctional sep-
aration material. Natural
zeolites can be sourced
cheaply. Relatively low
sintering temperatures
(800–900°C). Superior
ammonia adsorption.

Relatively new for
membrane separations,
mechanical strength
not comprehensibly
researched yet.

Gas separation, catalytic
membrane reactors at
high temperatures, water
treatment.

Continued on next page
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Table C.2 – Continued from previous page

Top-layer type Advantages Disadvantages Applications

Kaolin clay
(3Al2O3 ·2SiO2 and
SiO2)

Easily sourcable, cheaply
and widely available.
Good pore structures and
mechanical properties,
low processing tempera-
tures possible (400-700
°C).

Increased mechanical
strength requires higher
sintering temperatures
(850–1550 °C).

Low cost water filtration
applications, pore size 0.1
to 1.2 µm, 30–50% poros-
ity.

Attapulgite clay Large specific surface
area, excellent me-
chanical strength, high
adsorptive capacity along
with high chemical and
thermal stability, can
be prepared without
sintering. Can be made
flexible with the addition
of long-chain polymers.
High permeability

UF applications (2 nm
pore size, porosity above
60%).

Apatite
(Ca5(PO4)3(F, Cl, OH))

Low cost, cation ex-
change and adsorption
possible, similar to
zeolites.

Lower mechanical
strength as self-standing
membrane.

UF applications (83 nm
pore size, porosity of
55%)

Fly ash (SiO2, Al2O3,
Fe2O3, and CaO)

Abundant and very cheap
waste product.

Highly variable composi-
tion of ash and by ex-
tension membrane. Ad-
ditives such as bauxite
are needed to improve
mechanical and chemi-
cal stability, which in-
creases sintering tempera-
ture above 1100 °C.

Low cost MF applications
(<1 µm, 30–52% poros-
ity).

a Hofs et al. [2011]

b Das et al. [2018]
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